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Abstract

Rivers and streams have crucial ecohydrological functions and are much more than just
transport systems for excess water. Active exchange across groundwater-surface water
interfaces facilitates many biogeochemical processes. However, natural functions of
microbial metabolic activity (MMA) are disturbed by excess nutrient inputs from
anthropogenic disturbances such as agriculture or wastewater treatment plants. Key results of
this thesis are: (1) streambed MMA and greenhouse gas production are driven by quantity
and quality of the organic matter, and streambed CO. production rates can account for up to
35% of estimated total stream evasion. (2) Streambed heterogeneity drives MMA and
nutrient turnover. While dissolved organic carbon was not limiting, high organic matter
structures can control nutrient concentrations. (3) Macrophyte cover was negatively related to
hyporheic exchange. Mowing of macrophytes as a management practice does therefore not
negatively influence MMA and can improve transient storage in urban streams. (4) MMA in
dual-porosity Chalk groundwater aquifers is sensitive to fertilisation by carbon that can be
introduced during groundwater flood events and can be responsible for problems drinking
water production quality. These results improve understanding of MMA, nutrient turnover
and greenhouse gas production at groundwater-surface water interface and anticipate on the

impacts of anthropogenic disturbances.
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Introduction

Scientific context

Rivers and streams are vital for the world’s fresh water supply. Although this knowledge is
commonly accepted, their ecohydrological role has not always been acknowledged. Up to
several decades ago streams were viewed as pipelines that merely transport water. It was not
until the 1980s that the ecohydrological significance became more accepted (Bencala, 1993,
Boulton et al., 1998; Cardenas, 2015). While water flows through a river, there is constant
exchange of water between the active channel, the subsurface and the riparian zone (Figure
1). The zone where water is exchanged is referred to as the hyporheic zone (HZ), coming
from the Greek ‘hypo’ for below and ‘rheos’ for flow. It’s believed that water in most
streams is completely exchanged with the porewater of the hyporheic zone while flowing
downstream (Jones & Mulholland, 2000; Kiel & Bayani Cardenas, 2014). This exchange
facilitates a wide variety of biogeochemical interactions between water in the stream, pore
water and up- or downwelling groundwater, with the mineral surfaces of the streambed
material and biofilms that thrive there (Boulton et al., 1998; McClain et al., 2003; Claret &

Boulton, 2009; Singer et al., 2010; Besemer, 2015; Battin et al., 2016).

Hyporheic exchange flow is driven by hydraulic properties of the stream and other features
such as meanders or pool-riffle sequences (Gomez-Velez et al., 2014; Fox et al., 2016). This
promotes contact with sediment surfaces and provides good habitats for microorganisms that
drive nutrient turnover (Pinay et al., 2002, 2015; Hupfer et al., 2018), pollutant attenuation
(Schaper et al., 2018) and other ecosystem services (Peralta-Maraver et al., 2018). Depending
on the position in the landscape, conditions can be more suitable for aerobic microbial
metabolic activity (MMA) and the water fluxes vary (Figure 1).
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1. Atmosphere-soil 2. Unsaturated- 3. Riparian-stream 4. Surface-hyporheic

interactions saturated soil interactions water
interactions interactions

ﬁGas Exchange
ﬂ Water Mixing
lWater Fluxes

Figure 1. The most common compartments that water passes in the hyporheic zone and their
main properties (Krause et al., 2017).

A substantial part of all fresh water in streams worldwide flows through areas with strong
anthropogenic influence, such as agriculture, urban runoff or effluents from wastewater
treatment plants (Wahl et al., 1997; Kronvang et al., 2005; Dodds & Smith, 2016; Loiselle et
al., 2016; Rice & Westerho, 2017). Despite advances in the field of GW-SW exchange, there
are still many open questions about the effect of anthropogenic disturbances to hyporheic

flow (Cardenas, 2015). Streams and rivers worldwide have been observed to produce



substantial amounts of greenhouse gases (Aufdenkampe et al., 2011; Butman & Raymond,
2011; Raymond et al., 2013). While the total outgassing of rivers and streams to the
atmosphere has been studied, the contribution of the top layer of streambed sediments in
smaller streams in agricultural areas remained unclear (Cole et al., 2007). In
anthropogenically disturbed areas GHG outgassing has been observed to increase (Crawford
et al., 2016; Schade et al., 2016). Spatial variation of OM quality and quantity in sediments
may be expected to influence microbial metabolic activity (MMA) and associated GHG
production. However, it is not only the top layer of streambed sediments that plays a role at

the GW-SW interfaces.

In zones with groundwater upwelling, water flow patterns can be affected by spatial
variations in streambed heterogeneity (Krause et al., 2012; Gomez-Velez et al., 2014). These
variations in water flow patterns drive differences in residence time and nutrient turnover
(Krause et al., 2013, 2017; Pinay et al., 2015). However, the influence of variations in
residence time in streambeds on MMA remains largely unknown. Residence time becomes an
important factor in surface water, represented as transient storage zones in the stream
compartment, that can be increased by macrophyte growth (Vereecken et al., 2006; Hensley
& Cohen, 2012). Under low flow conditions the increased vegetation can lead to increased
nutrient turnover (Kurz et al., 2017). Eutrophication can lead to excess biomass in the
channel and reduce flow (Kantrud, 1990), triggering water authorities to clear waterways in
urban areas of macrophytes on a frequent basis as a management practice (Ochs et al., 2018).
Yet the influence of this mowing on total stream MMA and the degree of disturbance to the

habitat caused are not fully understood.

While GW-SW interactions are often discussed closer to the surface, it is crucial to consider

processes deeper towards the aquifer level as well. Rivers and their hyporheic zones can be



up- or downwelling and the interactions between downwelling surface water and aquifers can
be complex (Allen et al., 2010). However, there is evidence that loading of contaminants
from stream to aquifer can be significant (Manamsa et al., 2016). During prolonged rainfall
events, the groundwater table can rise to a point that a groundwater flood event occurs
(Robins & Finch, 2012), especially in so-called dual porosity aquifers that are connected by
fractures that facilitate relatively fast flow (Macdonald & Allen, 2001). Still, any effects of
these flood events in terms of possible fertilisation effects on MMA are unknown. The work
outlined in this thesis used a combination of novel tracer applications and high frequency
measurements across different scales to understand how aquifer-surface water interfaces act

as hotspots for interconnected carbon and nitrogen cycling and greenhouse gas production.

Aims and objectives of the research

The aim of this thesis was to investigate the drivers and controls of MMA in groundwater,
surface water and at their interfaces across a range of scales from microcosm to reach scale,
with a particular focus on spatial and temporal dynamics, and under the influence of

anthropogenic disturbances. The objectives of this work were:

e To investigate the drivers of microbial metabolic activity at various types of
groundwater-surface water interfaces

e To investigate the role of microbial metabolic activity as driver of nutrient turnover
and biogeochemical processes at several extremes of groundwater-surface water

interfaces.

Thesis layout

This thesis will explain the role of microbial metabolic activity (MMA) and nutrient turnover

at groundwater-surface water (GW-SW) interfaces by first discussing the role of organic

4



matter quantity and quality on MMA in a microcosm experiment in Chapter 1. Using the
knowledge gained under controlled laboratory conditions, it will then provide evidence how
MMA and nutrient turnover behave on a small scale inside a heterogeneous streambed of a
stream in an agricultural setting (Chapter 2). The next step will show (in Chapter 3) how
MMA is controlled in an urban stream that is even more anthropogenically disturbed urban
stream. Finally, it is demonstrated in Chapter 4 that GW-SW interfaces are relevant for MMA
even at the groundwater level. All the studied GW-SW interfaces were in areas with strong
anthropogenic influence in terms of nutrient loading. Novel applications of the reactive tracer
resazurin (Haggerty et al., 2009) were used as a proxy to measure MMA throughout the

thesis.

Chapter 1. “Streambed organic matter controls on greenhouse gas emissions from
streams.”

In this chapter greenhouse gas (GHG) production in streams is addressed. GHG production is
an understudied topic in streambed environments. An incubation experiment is conducted
using a combination of the fluorescent tracer resazurin and GHG analysis under controlled
conditions. This study aims to close the knowledge gap of the influence of OM quality and

quantity on MMA and GHG production across contrasting streambed sediments.

Chapter 2. “Streambed heterogeneity drives microbial metabolic activity through
residence time.”

Chapter 2 addresses an in situ experiment performed at the River Tern in the UK using a
novel push-pull tracer injection method with resazurin. The experiment remains at the smaller
plot scale. Injection locations were chosen in a reach with upwelling groundwater and sharp
gradients in hydraulic conductivity. These sharp gradients have implications for organic

carbon, dissolved oxygen and nitrate turnover in the shallow hyporheic zone. The aim is to



find significant drivers and controls of MMA and nutrient turnover around low hydraulic

conductivity structures and possible consequences for hotspot activity.

Chapter 3. “Macrophyte controls on total stream microbial metabolic activity in an
urban stream.”

In Chapter 3 the study is taken to the reach scale. Here the interplay between MMA and
transient storage is studied in an urban stream receiving large inputs of wastewater treatment
effluents. Macrophyte growth in channels is sensitive to eutrophication and can lead to
decreased drainage. Mowing of macrophyte as a management practice is commonly applied
and alters the transient storage inside a stream. The aim of this chapter is to study the
influence of macrophyte removal on total stream MMA in relation to transient storage.
Concurrent resazurin and conservative tracer slug injections were performed before and after

a macrophyte removal.

Chapter 4. “Groundwater flooding induced fertilization and enhanced microbial
metabolic activity of a dual-porosity aquifer system.”

In the last chapter, the focus shifts to the other part of the GW-SW interface at the
groundwater side. During prolonged periods of rainfall, it is possible that the soils become
saturated. Groundwater recharge in areas with Chalk aquifers in the UK often happens along
fractures in the rock, in so called dual-porosity systems. Although the water is deeper than
most hyporheic zones, the water is still strongly influenced by processes at the surface.
During periods of high recharge after rain, the amount of water can transport substantial
amounts of carbon and nutrients, e.g. due to saturated soils. The aim of the last chapter is to
study the impact of groundwater flood events on fertilisation of the microbial communities

and potentially increased MMA in aquifers.
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Chapter 1.  Streambed organic matter controls on
carbon dioxide and methane emissions
from streams

Paul Romeijn’, Sophie A. Comer-Warner’, Sami Ullah, David M. Hannah, Stefan Krause

" Joint first authorship

Abstract

Greenhouse gas (GHG) production in streams is a much understudied topic. Lateral inputs of
COz from terrestrial organic, inorganic, or lotic metabolism sources alone cannot account
fully for estimates of total evasion reported in the literature. There is a paucity of research
exploring organic matter controls on GHG production by microbial metabolic activity in
streambeds, which is a major gap given the increased inputs of allochthonous carbon to
streams, especially in agricultural catchments. This study aims to close the knowledge gap by
quantifying how contrasting organic matter contents in different sediments affect streambed
greenhouse gas production and associated microbial metabolic activity. We demonstrate, by
means of an incubation experiment, that streambed sediments have the potential to produce
substantial amounts of GHG, controlled by sediment organic matter quantity and quality. We
observed streambed CO> production rates that can account for up to 35% of total stream
evasion estimated in previous studies. Moreover, our results indicate that streambed
sediments may produce much more CO: than quantified to date, depending on the quantity
and quality of the organic matter, which has direct implications for global estimates of C

fluxes in stream ecosystems.
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1.1. Introduction

River corridors, and in particular the interface between groundwater and surface water in
hyporheic and riparian zones, provide crucial ecosystem functions such as nutrient spiralling,
pollutant attenuation, organism distribution and fish spawning (Boulton et al., 1998; Battin et
al., 2009; Krause et al., 2011; Trimmer et al., 2012; Cardenas et al., 2016; Catalan et al.,
2016; Freixa et al., 2017; Mendoza-Lera & Datry, 2017). In terms of biogeochemical
functions, freshwater-sediment at groundwater-surface water interfaces at streambeds have
been identified as significant contributors to both the global carbon (C) cycle and greenhouse
gas (GHG) production (Hedin, 1990; Fischer & Pusch, 2001; Battin et al., 2008; Tank et al.,
2010; Aufdenkampe et al., 2011; Ciais et al., 2013; Marin-Spiotta et al., 2014; Freixa et al.,
2016). Streambed and river C cycling is strongly affected by the composition and turnover of
organic matter (OM) in rivers and streambeds (Hedin, 1990; Battin et al., 2009;
Aufdenkampe et al., 2011; Ciais et al., 2013; Catalan et al., 2016). Rivers have been shown
to be important reactors that promote processing of OM and contribute significantly to the
global GHG budget (Trimmer et al., 2012; Raymond et al., 2013). Despite early findings in
forest streams that streambed sediment OM can be an important driver in sediment
respiration (Hedin, 1990), GHG production as a result of aerobic or anaerobic respiration in
streambed sediments has remained understudied in nutrient-rich, agricultural, lowland
streams. Enhanced nutrient and C loads (and often larger streambed residence time) in
lowland agricultural streams offer the potential to alter significantly aquatic ecosystems
worldwide (Allan, 2004; Blann et al., 2009; FuB et al., 2017), by most critically increasing

GHG production (Helton et al., 2014; Crawford et al., 2016; Schade et al., 2016).

The drivers and controls of GHG contributions from agricultural streams less than 100 m

wide, and in particular those less than 10 m wide, draining nutrient enriched catchments
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remain unknown (Cole et al., 2007; Raymond et al., 2013; Lauerwald et al., 2015), despite
these systems showing some of the highest CO. (Aufdenkampe et al., 2011; Hotchkiss et al.,
2015) and N20 (Turner et al., 2015) outgassing per surface area. One reason for this is the
limited knowledge of the impacts of heterogeneous spatial patterns in geologies, streambed
substrates and, in turn, sediment chemical conditions (Bardini et al., 2012; Gomez-Velez et
al., 2014; Krause et al., 2014; Trauth et al., 2014). Microbial communities in the streambed
vary strongly between different substrates (Cardinale et al., 2002; Fierer et al., 2007; Mosher
et al., 2010; Mosher & Findlay, 2011), along the river length (Savio et al., 2015; Freixa et al.,
2016) and with surrounding land use (Zhang et al., 2016), suggesting spatially heterogeneous
patterns in GHG production. Understanding the relevance and spatial patterns of GHG
production from lowland river streambeds requires consideration of variability in OM
quantity (as prime control of lowland river respiration processes) as well as the quality of the

OM (as control for OM turnover efficiency).

Sources of OM in streambed sediments range from agricultural erosion to local primary
production within the stream channel (Wang et al., 2014; Cooper et al., 2015; Rathburn et al.,
2017; Rowland et al., 2017), all of which vary in OM quality. As a consequence, C contents
of streambed sediments are likely to reflect that of the surrounding erosional surfaces
(Cooper et al., 2015; McCorkle et al., 2016). Signatures of the underlying geology are found
in stream particulate organic matter (POM) and dissolved organic matter (DOM) from the
headwater to the river mouth (Longworth et al., 2007; Mosher et al., 2010). There is evidence
that catchment geology plays an important role in river nutrient turnover (Lansdown et al.,
2016; Stuart & Lapworth, 2016), local groundwater exchange, ecohydrological and
hydrogeological properties (Harvey et al., 2008; Kolbe et al., 2016) which suggests a
potential role for OM quality as a driver of MMA and GHG production in streambed

sediments. However, there is poor understanding of OM controls on streambed microbial
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metabolic activity, GHG production and the role of OM quality and quantity. Given 0.47% of
the Earth’s surface area is covered by streams (Raymond et al., 2013), it is important to
quantify contribution of GHG production from the whole stream ecosystems, including

under-researched streambed sediments.

In this context, this paper aims to quantify CO, and CH4 (GHG) production from lowland
streambed sediments across a gradient of streambed OM contents and different catchment
geological backgrounds, focussing on sandstone and chalk. Production of CO2, CH4 and N2O
was measured alongside aerobic microbial metabolic activity in microcosms containing six
different sediment types of varying OM content from UK lowland streams underlain by chalk

or sandstone.

Table 1-1. Sampling location characteristics from the River Tern and the River Lambourn.

River Location Dominating geology | Average [ Stream [ Catchment
discharge? | order size”
Lambourn | Berkshire, UK, Chalk” 1.03 m3s? 2 234 km?

52°51'20.5" N
2°32'44.7" W

Tern Shropshire, UK, Permotriassic 0.856 m3s! 2 192 km?
51°26'41.7" N Sandstone”
1°22'59.1" W

# Averages over 1962 — 2015, measured at Eaton upon Tern and Newbury, obtained from the
National River Flow Archive (NRFA, 2015).
“ Wheater & Peach (2004)
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1.2. Methods

Streambed sediments were incubated under controlled conditions. Rather than measuring
directly C cycling and GHG production, previous studies considered total stream evasion
(Butman & Raymond, 2011; Hotchkiss et al., 2015; Worrall et al., 2016), or indirectly
calculated CO, approaches (Raymond et al., 2013), which may be sensitive to overestimation
or underestimation (Abril et al., 2015). Furthermore, field measurements are challenged by

the difficulty of isolating the governing processes and drivers.

Cap with septum

Headspace

e W
River Tern 8

Water column

L2 &
e

[ River locations
B Chalk En, |
[T Triassic sandstone "

Sediment

Figure 1-1. Sampling location of sediments used in the microcosm incubations (left). The
River Tern is in a sandstone catchment and the River Lambourn in a chalk catchment. An
example of a microcosm is shown (right), indicating the how these were filled.

1.2.1. Sediment

Sediments used in microcosm incubations were collected from two rivers with contrasting
geological substrates, though similar land use (Wheater & Peach, 2004): River Lambourn and

River Tern (Figure 1-1; Table 1-1). Both rivers are in agricultural catchment areas with
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similar discharge (NRFA, 2015). Three locations were chosen within each river based on
estimated organic matter content to achieve a gradient (fine sediment under vegetation, non-
vegetated armoured streambed and non-vegetated sand-dominated straight channel section).
Vegetated patches consisted of submerged macrophytes that were not further determined.
Macrophyte stands were denser and more clustered in the Lambourn than in the Tern. The
total of 6 field-wet sediment types (Table 1-2) was collected in September 2015 by scooping
off the top 10 cm of the streambed. Bulk sediments were sieved: fine sediments from under
vegetation (CH and SH) at 0.8 cm to clear large organic debris and the others at 1.6 cm,
homogenised, stored airtight in the dark and refrigerated at 4.4+0.8°C until start of the
experiments. The sieving sizes were chosen to preserve as much of the size characteristics
present in the field, while removing larger stones and debris that would otherwise occupy
disproportionally large volume inside the microcosms. The storage temperature was
monitored using a Tinytag Aquatic 2 temperature logger (Gemini Data Loggers Ltd,

Chichester, United Kingdom).

Organic matter content was determined by loss on ignition. Samples were prepared in
threefold for each geology OM type (chalk, sandstone, and: low, medium, high). Sediment
was milled by hand, sieved at 2mm, homogenised and dried at 105°C for a minimum of 12
hours. OM quantity was measured by loss on ignition (LOI) using an oven at 550°C for 6
hours (Hoogsteen et al., 2015). Carbonate content was then determined using the same oven
at a temperature of 950°C for 6 hours (Hoogsteen et al., 2015). Weight loss relative to
original dry sample weight was measured immediately to prevent ambient moisture uptake

and then used as the fraction of OM or carbonate, respectively.
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Table 1-2. OM quantity, carbonate contents and specific ultraviolet absorbance (SUVA) as a
measure for OM quality, as measured from the bulk sediment. The new sediment name has

been chosen to reflect actual OM content, and varies between chalk and sandstone sediments.
Mean values listed with SD and n = 3.

Geological | Sediment Sediment name %0M %carbonate | SUVA
background | origin (L mg*m*)
Chalk Under ChalkHigh 3.625+0.069 | 11.620+0.499 | 2.098+0.180
vegetation (CH)
Straight section, | ChalkMedium 1.847+0.063 | 18.668+1.423 | 1.277+0.109
no vegetation (CM)
Gravel section ChalkLow 1.409+0.047 | 17.170+2.259 | 1.498+0.092
(CL)
Sandstone Under SandstoneHigh 3.616+0.116 | 0.357+0.017 | 2.642+0.511
vegetation (SH)
Gravel section ?;&‘;Stone'\"ed'“m 0.838:0.031 |0.234+0.016 | 1.813+0.252
Straight section, | SandstoneL.ow 0.667+0.014 | 0.253+0.028 | 3.209+0.263
no vegetation (SL)

We compared quality of OM between all sediments by measuring aromaticity of the available

organic carbon as specific ultraviolet absorbance (SUVA) at 254 nm wavelength (Weishaar et

al., 2003; Ullah et al., 2014). OM quality was measured by taking sediments sieved at 2 mm

in triplicate and extracting DOC from the sediments using 2M KCI (Jones & Willett, 2006).

DOC content of the sediment extracts was determined using a Shimadzu TOC-L analyser

(Shimadzu Corporation, Japan), after which the sediment extracts were measured for SUVA

(Weishaar et al., 2003; Ullah et al., 2014). Absorption was measured using a Varian Cary
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Eclipse UV-Vis spectrophotometer (Agilent Technologies, Santa Clara, USA). We used a 10
mm path length quartz cuvette, recording the absorbance between 250 and 280 nm at full

wavelength scanning and ultrapure water for blank correction.

1.2.2. Microcosm preparation

Microcosms were 1 litre amber jars with 53/400 size septa-capped lids (Fisher Scientific Ltd.,
UK). The glassware was acid rinsed with 10% HCI before use and triple washed with
18.2MQ deionised (DIW) water. Incubation of each sediment type was done in triplicate.
Each of the 6 sediment types was measured by wet volume using a 300 ml glass beaker and
transferred into the microcosms. To control for background concentrations, we added 500 ml
DIW to the wet sediment. Headspace volume for each jar was calculated after the experiment,
based on total water and sediment volume. The sediments were then laterally shaken for 30
seconds to promote mixing of wet sample and DIW in the water column, while keeping all
sediment in suspension. Three control treatments were prepared as 3 jars with 500 ml DIW
only. The microcosms were then left 48 hours in the dark at the incubation temperature of
15.35+0.15°C to settle the sediment and minimise turbidity. The caps were loosely placed on
top allowing air to flow out, but to minimise evaporation by the air circulation. The
refrigerated incubator used was a generic type with forced air circulation, internal light
switched off and the internal temperature was monitored using 2 Tinytag Aquatic 2
temperature loggers (Gemini Data Loggers Ltd, Chichester, United Kingdom). One logger

was placed on the top shelf and one at the bottom to monitor effects of air circulation.

1.2.3. Experimental procedure

During the experiment, the following steps were undertaken at T =0, 5, 10, 24 and 29 hours

after the microcosms were prepared as described above.
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1.2.4.

Take microcosm out of the incubator
Take two 15 ml headspace gas samples through septum and store in Exetainer, and
then open lid (this step is skipped before the addition of raz). This sample will
represent the final GHG concentration of this incubation time step
Open jar and take a 15 ml water sample, filter and measure on fluorometer
The first timestep only, follow these steps:

o Take 15 ml water sample from water column and store for calibrations

o Add 10 ml of raz stock solution and gently stir the water column, trying to

minimise turbidity to bring raz to the target concentration

Place sample from fluorometer back into microcosm using syringe
Periodically check pH of water column
Replace headspace air with ambient air by pushing in ambient air using a 100 ml
syringe and repeat 5 times
Close jar and take two 15 ml headspace samples again. This sample will represent
starting headspace GHG concentration for this incubation time step

Return microcosm back to the incubator

Microbial metabolic activity

Aerobic microbial respiration can be successfully measured using the “smart” tracer

resazurin. It was first used in ecohydrological applications by Haggerty et al. (2008). It

proved to be useful in many different setups, such as reach-scale field experiments (Argerich

et al., 2011; Gonzélez-Pinzon et al., 2012, 2015; Lemke et al., 2013a; Knapp et al., 2017),

flume-scale (Haggerty et al., 2014) to microcosm setups (Baranov et al., 2016a, 2016b). The

resazurin/resorufin tracer system (Haggerty et al., 2008) was used to measure microbial

metabolic activity in the microcosms to be able to objectively compare activity across the

20



different sediment types. This allows to measure aerobic microbial metabolic respiration by
acting as a terminal electron acceptor. In this process resazurin (raz) is irreversibly reduced to
the strongly fluorescent resorufin (rru), which can be measured using a fluorometer with
excitation and emission wavelengths of 570 nm and 585 nm, respectively. Two Albillia
GGUN-FL30 fluorometers (Albillia SARL, Switzerland) were used to measure rru
production (Lemke et al., 2013b). The fluorometers were calibrated to either water extracts of
the sandstone or chalk at the start of the experiment to ensure best accuracy and to control for
variations in background fluorescence. These water extracts were sampled from the
incubation jars just before start of the experiment. For calibration, we used stock solutions of
raz and rru made up in tap water, which were made into final solutions of 108.67 and 95.33
ng/L for raz and rru, using water extracts of sandstone or chalk sediments. The appropriate
calibration curve was applied in data analysis. The conversion of raz to rru is reported as pg
rru produced per pg of added raz, to normalise for slightly varying initial raz concentrations.
pH of the microcosms was monitored using a handheld Hanna HI-98129 pH meter (Hanna
Instruments, Woonsocket, USA). The instrument was calibrated before the experiment to
ensure pH was near 8 for good fluorometric detection of rru (Lemke et al., 2013b). The
detection limit, calculated precision and accuracy of this type of fluorometers are listed in
Table 1-3. The target concentration of raz for the starting conditions inside the microcosms

was 150 ng/L.

At each sampling moment, a 20 ml sample was extracted from the microcosms using a
syringe, which was filtered to control for turbidity using a 0.45 um nylon syringe filter
(ThamesRestek, High Wycombe, UK), which was pre-soaked in DIW to prevent leaching of
DOC. The filtered sample was injected directly into the measurement chamber of the
fluorometer and measured for at least 3 minutes at a 10-second measurement interval, which

was then averaged to calculate the concentration. Approximately half of a randomly chosen
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set of samples was measured again on the second fluorometer to control and correct for drift
and instrument errors. The samples were transferred back into the microcosm after
measurement on the fluorometer to keep the volume constant and the instruments were

cleaned with DIW.

Table 1-3. Accuracy, precision and limit of detection for fluorometers used. All
concentrations are in ng I,

(ng LY Accuracy Precision Limit of detection” Standard
concentration

raz 0.06 0.19 1 108.67

rru 0.08 0.43 1 95.33

# Lemke et al. (2013b)

1.2.5. Greenhouse gas measurements

Headspace gas concentrations were measured before and after each incubation time step, to
calculate the increase in concentrations. A 15 ml gas sample was taken in duplicate using a
20 ml syringe with a hypodermic needle and stopcock to pierce the septum. The duplicate
served as a backup and for a randomly picked amount served as a quality control. The syringe
was purged three times with ultrapure helium 5.0 (BOC Industrial gases, Manchester, UK)
before each sampling. The 15 ml gas sample was then transferred to a 12 ml pre-evacuated
Exetainer (Labco Limited, Lampeter, UK), causing it to be slightly over-pressurised. The

Exetainers were stored at room temperature until analysis.

Samples were analysed on an Agilent 7890A gas chromatograph (GC), equipped with a 1 ml
sample loop, a microECD detector for N2O detection, a platinum catalyst for CO2-to-CHa

conversion and an FID for CH4 detection (Agilent Technologies, Santa Clara, USA). Samples
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eluted from the column at: CH4 = 3.5 minutes, CO2 = 5.7 minutes and N2O = 6.4 minutes. The
GC was setup in splitless mode with an oven temperature of 60°C. The microECD was set at
350°C, FID at 250°C, H. flow at 48 ml min™, air flow at 500 ml min'* and N2 make-up flow
at 2 ml min%, Total run time was 9 minutes per sample. Samples were manually injected into
the sample loop using a gas-tight syringe with valve (SGE Analytical Science, Australia).

The detection limits for CO2, CH4 and N2O were calculated by dilution of a gas mixture of
known concentration and are listed in Table 1-4. We measured samples of known
concentrations as quality controls throughout the experiment to calculate accuracy and

precision (Table 1-4).

Table 1-4. Limits of detection, precision and accuracy for GHG measurements on Agilent
7890A gas chromatograph, based on standards with listed concentration. All units in parts-
per-million (ppm).

(ppm) Accuracy Precision Limit of Standard
detection concentration

COz 134 14.8 8.2 1051

CHa 0.07 0.11 0.15 9.8

N20 0.13 0.08 0.011 6.2

1.2.6. Statistical analysis

We used descriptive statistics to compare results between sediment types. All mean values
listed are noted as meanzxstandard deviation. Error bars in figures represent standard
deviation, unless stated otherwise. For bivariate analysis comparing two sediment types, data
were first tested for normal distribution using Shapiro-Wilkes test. Welch’s T-test was used
to compare two groups of normally distributed samples and results reported as t(degrees of

freedom), p and sample size n. Mann-Whitney-Wilcoxon test was used where the distribution
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followed a nonparametric distribution with results reported as U, p and sample size n.
Kruskall-Wallis test was used to compare whole geology groups, including all different
sediment subgroups (results only in supplementary information). Simple linear regression
was applied in some cases with results reported as F(degrees of freedom, degrees of

freedom), p, R? and sample size n.

1.3. Results

Sediment types are referred to per their OM content (Table 1-2). All means are given with
standard deviation. Mean incubation temperature was 15.35+0.15°C (mean £ SD). MMA was
clearly detected (Figure 1-2a), indicated by the conversion of raz to rru (interpreted as pig rru
produced per hour, normalised for initial raz concentration). CO2 and CH4 production was
observed in all but the control microcosms. None of the sediments were net N.O producers
under the available instrumental limits of detection. In general, sediments with higher OM
content produced more rru, CO2, and CHa, and were substantially influenced by the

aromaticity of the OM.

Organic matter quality, measured as aromaticity of sediment extractions, varied between
1.207 and 3.469 L mg™ m™ as SUVA (Table 1-2). Mean aromaticity was significantly higher
(t(16) = 3.5546, p = 0.00264, n = 18) in the sandstone sediments (2.554+0.684 L mg* m™),
compared to chalk sediments (1.624+0.385 L mg™* m™). Aromaticity and OM content were

not correlated by simple linear regression (F(1, 16) = 0.01309, p = 0.91, R = 0.0008, n = 18).
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a) Microbial metabolic activity per sediment type

_0.025

0.020

0.015

0.010

0.005

Mean rru production (ug rru hr

1
1
1
1
1
1
1
I
!
i
i
1
1
'

DI

0.000 -

O
e
o

|

0.8

0.6

0.4

0.2+

Mean CH, production (mg C-CH, m™ hr"l)

0.0 -

x
— 4
-
- & s
[ T T T T T 1
CH CM CL SH SM SL Control

Sediment type

CHy, production per sediment type

x

—_
1

|
—

—_

%— E—u——— —
[ T T T T T 1
CH CM CL SH SM SL Control

Sediment type

g

(4,
o
|

40

30

20 1

Mean CO, production (mg C-CO, m™ hr'1)

CO, production per sediment type

-
1

X e
== _—
x - >
r T T T T T 1
CH CM CL SH SM SL Control

Sediment type

Figure 1-2. Mean hourly production per sediment type for a) microbial metabolic activity
expressed as normalised rru production, b) carbon dioxide production and c) methane
production. All values are mean hourly production for each incubation time step. Error bars
indicate standard deviation within each group (n = 12) of three replicates. Sediment type
names correspond to abbreviations given in Table 1-2.

MMA varied for different sediment types (Figure 1-2a). Sediments with the highest OM

content of 3.6% were responsible for 65% of the total MMA in streambed sediments of both

geological backgrounds (CH and SH). Overall, chalk sediments produced on average 67%

more rru per hour than the sandstone sediments. A generally increased trend in MMA with

increasing OM content was observed (Figure 1-3a). Mean hourly MMA in chalk sediments



was 0.00584+0.00612 pg rru hr't and for sandstone 0.00349+0.00492 pg rru hrt. See also
Table A-1 for full results of statistical tests between groups. The strongest MMA was found
in CH sediments, with a mean production rate of 0.011+0.0078 pg rru hrt. CH saw 53%
higher MMA than the second highest sediment SH, which experienced production rates of
0.00721+0.0066 pg rru hr't. CH produced 163% and 370% more rru than lower OM content
sediments CM and CL, respectively. SH produced 262% and 463% more than SM and SL,

respectively.

CO- production followed similar patterns as observed for MMA (Figure 1-2a, b, Figure
1-3b). Mean hourly CO2 production in chalk sediments was 14.97+15.54 mg C-CO2 m hr!
and for sandstone 11.83+9.03 mg C-CO. m2 hrt, which was 27% higher in chalk compared
to sandstone. Like MMA, also the highest CO. production was found in CH sediments, with a
mean of 33.40+10.55 mg C-CO. m2 hr't. CH produced 48% more CO; than the second
highest sediment SH, which produced 22.53+7.72 mg C-CO, m hr'. CH produced 197%
more CO; than the lower OM content sediment CM and CL produced virtually nothing. SH
produced 203% and 308% more CO> than SM and SL, respectively. See also Table A-2 for
full results of comparison between sediment groups. Sediments with the highest OM content

(CH and SH) were responsible for 62% of total CO> production in both chalk and sandstone.
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a) Microbial metabolic activity per OM content b) Mean CO, production per OM content
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Figure 1-3. Mean hourly production per organic matter content for a) microbial metabolic
activity expressed as normalised rru production, b) carbon dioxide production and c¢) methane
production. Error bars indicate standard deviation within each group (n = 12) of three
replicates. A trend line has been fitted for comparison between groups.

Patterns of methane production from different sediment types did differ from those observed
for MMA and CO; (Figure 1-2c, Figure 1-3c). Overall, chalk sediments produced on average
0.1685+0.2503 mg C-CH4 m™2 hrt, compared to only 0.0213+0.0365 mg C-CHs m2 hrtin
sandstone. This was 692% more methane in chalk compared to sandstone. Again, CH
sediment experienced the highest methane production with a mean of 0.4778+0.2042 mg C-
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CHs m? hr. CH produced 656% more than the second highest producer SH, which produced
only 0.0632+0.0369 mg C-CH4 m™ hrl. Compared to lower OM content sediments, CH
produced 1689% more than CM, whereas nothing was detected in CL. See also Table A-3 for
full results of comparisons between groups. In SM and SL no methane production was
observed at all. Sediments with the highest OM content produced 95% and 100% of all
methane in chalk and sandstone, respectively. Methane production accounted for 1.1% of

total C losses in chalk sediments, compared to only 0.2% in sandstone.
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Figure 1-4. Mean CO; production increased with mean microbial metabolic activity. All
values are based on overall means of all time steps. Error bars indicate standard deviation
(n=12). A trend line has been fitted through the combined chalk and sandstone data points to
illustrate the general rru-to-CO- relation, independent of sediment type. This trend line
represents the simple linear regression model that has been fitted.
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1.4. Discussion

Our results highlight the substantial potential for streambed sediments from agricultural
lowland rivers to produce significant amounts of greenhouse gas. We sampled only the top of
the streambed (see methods), although respiration can well take place at greater depths of the
streambed, depending on availability of OM and oxic/anoxic zonation (Schindler &
Krabbenhoft, 1998; Hlavacova et al., 2005; Krause et al., 2011, 2014). Despite this, we still
measured substantial MMA, CO2 and CH4 production that were in a similar range of forest
stream sediments in situ (Hedin, 1990) and ponds (Yvon-Durocher et al., 2017), lower CO>
and CHa production than from Mediterranean natural stream sediment incubations (Tortosa et

al., 2011).

MMA increased with higher OM content. Rru production was found to be linearly correlated
by simple linear regression with CO- production and proved a good measure for respiration
(Figure 1-4; F(1, 70) = 32.91, p << 0.001, R? = 0.320, n = 72). Higher MMA was observed in
chalk sediments compared to sandstone, and the finer sediments in both geologies
represented 62% of MMA. OM quantity alone cannot explain the discrepancy in MMA. We
find the likely explanation in the OM quality, expressed as aromaticity. Sandstone sediments
had significantly higher aromaticity than chalk sediments. Higher aromaticity is typically
associated with lower carbon quality and higher recalcitrance (Weishaar et al., 2003; Ullah et
al., 2014) and can therefore explain our observations of generally lower MMA, and lower
CO2 and CHg production in sandstone. This suggests that OM in sandstone sediments is more
recalcitrant due to higher aromaticity and thus more difficult to metabolise by microbial
communities (Marschner & Kalbitz, 2003), while it is not simply a consequence of total OM

content.

29



Our results suggest that the observed headspace CO> concentrations did not originate from
inorganic carbonate weathering (McDonald et al., 2013; Marce et al., 2015). First, although
average hourly CO> production in CL sediment with 17.2% carbonate content was slightly,
but significantly different from the control treatment (U = 113, p = 0.017, n= 12), the means
were both negative and very close to zero (0.266+1.674 and -0.878+0.796 mg C-CO, m™ hr!
for CL and control, respectively). We interpret a negative production in this context as a net
CO- uptake from the headspace into the water column. Second, the sediments with highest
and lowest carbonate contents (CM: 18.67%, SM: 0.23%), did not show a significantly
different hourly CO. production from each other (t(16) = 2.0912, p = 0.053, n = 12). This
suggests that it is unlikely that inorganic carbonate weathering alone was an important source

of CO2 measured in the headspace of the microcosms.

Our findings extend previous knowledge from forest streams. We expected higher GHG
production in agricultural streams than in forest streams. Hedin (1990) found mean hourly
CO; production of 5.8 mg C m? hr?, between 1.1-14.2 mg C m2 hr'* (mean temperature
14.6°C). The streambed from our agricultural sites produced substantially more with an
average CO- production rate for all sediments accounted for in this study of 13.40+£12.72 mg
C m? hrt. This highlights the influence of land use: streambeds in agricultural streams can

easily produce twice as much CO, compared to those in forest streams.

The streambed produces a substantial part of total CO; in streams. Higher MMA in chalk
sediments and a possible difference in carbon quality are reflected in CO, production, where
sediments with similar OM content (3.6%) produce more CO: in different geologic
environments. The average CO> production rate for all sediments of 13.40+12.72 mg C-CO>
m2 hr' equals to 117.36 g C m? yr. When applying this average value to the UK, and

considering a UK land surface cover by streams and rivers of 0.86% (Raymond et al., 2013),
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we estimate the potential CO2 production from streambed sediments to be 1.01 t C km2 yr?,
When comparing this number with estimates of 2.9 t C km™ yr! total excess CO, evasion
from the UK (Worrall & Lancaster, 2005), we can conclude that the top of the streambed and
riverbed sediments alone can be responsible for up to 35% of total CO; fluxes from streams
in the UK, which is crucial for estimates of global C budgets, but also has significant
consequences for the design of excess nutrient attenuation strategies. Many strategies in
strongly nutrient and carbon enriched agricultural lowland streams target enhancing

groundwater—surface water exchange (Krause et al., 2011, 2014).

Methane production varied strongly between chalk and sandstone sediments. Our method has
not considered any potential methane oxidation. CH was the single highest methane producer.
We believe this can be explained by difference in OM quality or microbial communities, such
as more productive microbial communities in the chalk sediments. Similar median emission
rates (by ebullitive transport) of 0.375 mg C-CH4 m hr' were found in an extensive global
study (Stanley et al., 2016) and Sanders et al. (2007) found similar mean emission rates from
the water column in chalk streams of 0.168 mg C-CH4 m™2 hrt. Although both our CH and
SH sediments were collected from underneath macrophytes, only CH produced at rates like
those observed in the field (Sanders et al., 2007). The fine sediments trapped by the vegetated
patches are associated with a higher diversity of methanogenic archaea in the hyporheic zone
and streambed (Brablcova et al., 2015). Average OM contents were higher in chalk sediments
and sediments with higher OM content produced more CHs than sediments with lower OM
contents. Streambed OM content has previously been shown to control CH4 production,
although this was only significant at OM contents in excess of 8% (Crawford & Stanley,
2016). This supports our observations that, although there is evidence that OM controls GHG
production, the magnitude of production shows substantial differences across different
substrates.
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No N0 production was observed in the duration of our experiment. This does not reflect on
the occurrence of net-denitrification. Sediments can have a significant denitrification
potential, but in case of complete denitrification, total N2 production will be equal N2O
production (Hlavacova et al., 2005; Lansdown et al., 2014). If any was produced, N>O was

most likely not the final product of denitrification in our experiments.

We found evidence that OM quality (measured by aromaticity) was a main driver of
streambed sediment respiration that varied significantly between sediment types of the two
different background geologies. When available substrates vary along a river, and thus with
streambed sediment, local microbial communities are expected to adapt and specialise to that
reach (Savio et al., 2015; Freixa et al., 2016). This can partially be explained by the fact that
reactivity of OM usually decreases with molecule size as it gets further broken down (Amon
& Benner, 1996). Fresher OM inputs drove higher respiration rates in our high OM sediments
CH and SH. Additionally, the OM quality likely varied between the CH and SH collection
site due to differences in macrophyte communities that are expected between sandstone and
chalk rivers (Jusik et al., 2015) and differences in macrophytes and vegetation have been
demonstrated to result in differences in OM characteristics (Cooper et al., 2015). We may
therefore expect differences in streambed microbial communities between chalk and

sandstone sediments, despite other physical river characteristics being similar.

There are many variables involved in sediment respiration. We controlled for temperature in
this experiment at 15°C as an ideal temperature for these types of streams and hence isolate
the impacts of OM and geological background. Further temperature effects are out of the
scope of this study. The microcosms used in our experiment resembled lentic water due to the
microcosm design and may have limited oxygen availability as opposed to lotic water that

better describes in situ streambed situations. We could measure aerobic respiration
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throughout the experiment; hence we do not expect this to have had any major negative
impact on the experiment. Higher streambed CO, production may locally be countered by
increased photosynthesis of macrophytes (Demars et al., 2016), which we were not able to

include in our study.

Rather than measuring directly C cycling and GHG production, previous studies considered
total stream evasion (Butman & Raymond, 2011; Hotchkiss et al., 2015; Worrall et al.,
2016), or indirectly calculated CO> approaches (Raymond et al., 2013), which may be
sensitive to overestimation or underestimation (Abril et al., 2015). Furthermore, field
measurements are challenged by the difficulty of isolating the governing processes and

drivers.

1.5. Conclusions

This study provides new conceptual system level mechanistic understanding of the potential
of streambed sediments in agricultural streams to produce substantial amounts of CO> and
CHa across a gradient of OM contents. MMA and associated GHG production are associated
with locations of higher OM content as an important driver which is conditioned by different
geological backgrounds. These differences in OM between substrate are reflected in
significant differences in OM quality (aromaticity) that can support different microbial
communities that turnover OM and C at different rates. We provide evidence that
mineralisation of OM can produce substantial CO2 emissions from the streambed. When
compared with excess CO; fluxes from streams, we find that streambed CO: production can
represent 35% of total stream CO; evasion in the UK. Similar numbers for CO. evasion have
been estimated before (Hotchkiss et al., 2015), and we now provide new evidence that a large
portion of the internal CO> production of agricultural streams can be attributed to the top of
the streambed. Methane production varies even stronger between sediment from different
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geologic backgrounds, suggesting a microbial community-driven variation between
streambed sediments. Our findings lead us to the conclusion that both organic matter quantity
and quality are important controls on streambed organic matter mineralisation, and improve
our understanding of the potential impacts of human-induced land use change in lowland

streams.
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Chapter 2.  Streambed heterogeneity drives microbial
metabolic activity through residence time

Paul Romeijn, Rebwar Dara, David M. Hannah, Stefan Krause

Abstract

The streambed and the hyporheic zone are often characterised by sharp gradients in hydraulic
conductivity. These sharp gradients have implications for organic carbon, dissolved oxygen
and nitrate turnover in the shallow hyporheic zone. Low-conductivity sediment structures in
the streambed can inhibit groundwater upwelling and cause local surface water downwelling,
including horizontal pore water flow. These often very local differences cause variability in
residence time and provide a place for small-scale differences in microbial activity and
associated biogeochemical turnover. We used a novel small scale “push-pull” tracer
application, using the resazurin-resorufin tracer system to measure microbial metabolic
turnover. The tracer was injected at discrete depths in a UK lowland river strongly impacted
by surrounding agriculture that was previously surveyed using ground penetrating radar. This
approach provided us with a combined measurement of dilution and a relative comparison for
microbial metabolic activity between studied locations. We found hydraulic conductivity and
residence time related differences in dissolved oxygen and microbial metabolic activity. Our
results suggest microbial metabolic activity is driven by a combination of dissolved oxygen
and residence time. In heterogeneous streambed environments, biogeochemical hotspots may
be related to deeper lying sediment structures that are not always accounted for. Using this
new knowledge, predictions of spatial patterns of nutrient turnover, microbial metabolic
activity and potential associated greenhouse gas production in the hyporheic zone can be

improved.
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2.1. Introduction

Rivers and streams take up approximately 0.47% of the Earth’s surface (Raymond et al.,
2013). These flowing waters are much more than passive pipes, but instead form a complex
interaction of upwelling and downwelling water (Boulton et al., 1998). Downwelling water
provides dissolved oxygen to the hyporheic zone (HZ) and where water wells up, the stream
is provided with nutrients. Many lowland streams and rivers are located in areas of
concentrated agriculture, as lowland river plains are ideal locations for crops and pastures.
Nitrate loading into stream water is a problem worldwide (Meybeck & Helmer, 1989;
Scanlon et al., 2007; He et al., 2011) and denitrification of excess nitrate is not
straightforward across spatial scales (Saunders & Kalff, 2001; Pifia-Ochoa & Alvarez-

Cobelas, 2006; Stelzer et al., 2011; Zarnetske et al., 2011a; Briggs et al., 2015).

2.1.1. Spatial heterogeneity of streambed nutrient cycling

Spatial groundwater upwelling patterns have been visualised with increasing detail at the
streambed level using temperature as a tracer (Conant, 2004; Keery et al., 2007; Krause et al.,
2013; Briggs et al., 2014; Abbott et al., 2016). However, upwelling patterns at the streambed
surface do not necessarily reflect flow patterns deeper into the hyporheic zone. Itis a
complex interaction of mixing and no streambed is perfectly heterogeneous, resulting in
complex flow patterns. During river evolution streambed is formed of layer after layer. These
successive strata may lead to less permeable layers. Hyporheic exchange flow (HEF) depends
on a combination of bedforms, hydrodynamic forcing of the stream water and vertical
hydraulic gradients (Kasahara & Wondzell, 2003; Keery et al., 2007; Hester & Doyle, 2008;

Boano et al., 2014).

Heterogeneities inside the streambed can be abrupt or smooth discontinuities in hydraulic

conductivity K. In streambeds with high and abrupt heterogeneity, rates of hyporheic water
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exchange are expected to increase compared to homogeneous streambeds, which is mostly
attributed to preferred flow through connected flow paths, and hence decreased average
residence times (Pryshlak et al., 2015). Hydraulic regimes in streams can be upwelling,
downwelling, neutral, or more likely a complex combination of those. Upwelling is related to
the distribution of hydraulic conductivity and higher vertical hydraulic gradients can be found
in zones with higher K (Chen, 2011; Song et al., 2016) and in the middle of the channel
(Genereux et al., 2008; Song et al., 2016). However, not only does conductivity change over
reach-scale lengths, it can change orders of magnitude over distances as small as 10 cm,
suggesting that hyporheic exchange patterns are hyperlocal (Salehin et al., 2004; Wu et al.,

2016).

Sediment hydraulic conductivity often shows strong vertical patterns (Ryan & Boufadel,
2007; Chen, 2011; Angermann et al., 2012; Tang et al., 2015), suggesting that including
vertical profiles of processes would reveal more information than just the streambed surface
alone. Upwelling groundwater also shows strong spatial variability (Hyun et al., 2011;
Krause et al., 2012; Binley et al., 2013; Wang et al., 2017). Previous studies have found
streambed temperature patterns using distributed temperature sensing that were related to
streambed heterogeneity. These patterns identified differences in groundwater upwelling in
the streambed (Krause et al., 2012). Residence time generally decreases in heterogeneous
streambeds due to faster flow through preferred flow paths (Fox et al., 2016), while
heterogeneity may have different effects between different streambeds (Sawyer & Cardenas,
2009). Small-scale flow paths in the streambed may also be related to the presence of low
conductivity structures in the streambed and may affect hyporheic exchange patterns
(Angermann et al., 2012). Taking this into account, it raises the question to what extent
microbial metabolic activity (MMA) and associated nutrient turnover are controlled by

streambed heterogeneity.
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2.1.2. Carbon and nutrient cycling in hyporheic zones

Groundwater is a major source of N in lowland rivers (Rivett et al., 2008a; Mulholland &
Webster, 2010). Recent work has focused largely on spatial variations in the streambed
morphology and how they influence groundwater upwelling (and downwelling) patterns
(Salehin et al., 2004; Krause et al., 2013; Gomez-Velez et al., 2014, 2015; Pryshlak et al.,
2015; Tonina et al., 2016; Wang et al., 2017). In such a heterogeneous streambed
environment, water is forced through flow paths other than the governing Darcy flux or the
vertical gradient. Heterogeneity may cause a change in residence time and hence control
nitrate production or removal (Zarnetske et al., 2011a). Governing DO concentrations and
residence time control biogeochemical transformations through exposure time (Gomez et al.,

2012; Zarnetske et al., 2012) and define nutrient spiralling (Ensign & Doyle, 2006).

Peat and clay lenses in the streambed are examples of relatively small confined units that
have high OM content when compared to the surrounding material, and thus high and abrupt
differences. High OM units can therefore act as local sources of mobilised OM or DOM and
act as biogeochemical hotspots (Krause et al., 2013). At smaller scales, we can even find
complex micro-zones in heterogeneous sediments that favour opposite conditions compared
to the environment, such as nitrification and denitrification (Briggs et al., 2015). Nitrate
concentrations (both in the case of nitrification and denitrification) can be affected by
residence times (Zarnetske et al., 2011a). If there is a vertical flux, we can assume a nonlinear
relation between the nitrate concentrations and the time it resides there, although this mainly
applies to shorter residence times (Zarnetske et al., 2011a; Briggs et al., 2014, 2015).
However, in many streams and rivers, we may find residence times that are much greater than
a few hours, as much as several weeks (Sawyer & Cardenas, 2009). Hence, although

residence time alone appears to dominate reactivity, other drivers are likely to be key players
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in systems with great nitrate loading and where residence times exceed 24 hours (Zarnetske et

al., 2011a).

While there is evidence that low conductivity structures in the streambed play an important
role in biogeochemical turnover (Krause et al., 2013; Battin et al., 2016), information about
differences in microbial metabolic activity (MMA) across the hyporheic zone at different
residence times is lacking. More information is needed on the drivers of MMA and nutrient
turnover in the hyporheic zone to understand and predict these processes in lowland river
environments. Where previous studies focused on the top part of the hyporheic zone (Nogaro
et al., 2010; Singer et al., 2010; Mendoza-Lera & Mutz, 2013) or just at a fixed depth (Claret
& Boulton, 2009), it is often overlooked that deeper zones of the HZ can contribute

substantially to nutrient turnover (Stelzer et al., 2011).

This study aims to provide insight into the drivers and controls of nutrient concentrations and
MMA in a heterogeneous streambed environment with focus on spatial variations rather than
temporal variation. We address this by analysing significant controls of microbial metabolic
activity and nutrient turnover around low conductivity structures and how this can lead to
hotspot activity. For the first time ever, we use push-pull injections into the streambed to

quantify these processes.

2.2.  Methods

2.2.1. Experimental field site

A section was selected of approximately 100 m of the River Tern in Shropshire, UK (Figure
2-1; 52°51'20.4"N 2°32'45.1"W). The reach has a sandy to gravelly streambed surface with a
riffle and pool section halfway (Krause et al., 2013). The land use around the study area is

heavily impacted by agriculture and farming. The river is incised deeply in the study reach
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with banks up to 2 meters above water level. Mean and median daily discharge measured at
Tern Hill station from 2013 to 2015 were 0.885 and 0.762 m®/s, respectively, which is
approximately 3.3 km upstream of the studied reach (NRFA, 2016). Experiments were
performed on three different moments in May and September 2015 and May 2016, which are
referred to as experiments 1, 2, and 3, respectively. Mean daily flow on the experiment days
were 0.651, 0.489 and 0.744 m®/s for experiments 1, 2 and 3, respectively, measured at Tern

Hill station.

2.2.2. Streambed physical properties

Locations for installing the mini-piezometers (MP) for the experiments outlined in the
following sections were selected based on the structure of the subsurface of the streambed.
This structure was recorded in a parallel study using ground penetrating radar (GPR) which
was calibrated by sediment core samples to verify subsurface sediment type (personal
communication, Rebwar Dara, March 2015). The GPR system used was a PulseEKKO PRO
radar system ground penetrating radar device equipped with lightweight bistatic shielded
square transducers antennas with a 250 MHz centre frequency. that was mounted on a raft
(Sensors and Software Inc., Canada). The raft was used to image the streambed over the
length of the studied reach of the River Tern (Figure 2-1). The GPR study provided a non-
invasive method to identify sediment structures, such as peat and clay lenses and other
sediment heterogeneities, and select the MP locations accordingly, without creating
unnecessary holes in the streambed near study sites. Based on the available subsurface
information, three types of general sediment structures were differentiated. The mini-
piezometers (Figure 2-2) were clustered into these three types, to which we will refer to as

cluster one, two and three, as indicated in Figure 2-3. Cluster one is characterised by sandy
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clay, cluster two has generally sandy sediments and cluster three is dominated by large peat

structures.

/o\ Piezometers

Elevation (masl)

Figure 2-1. River Tern field site location, with locations of piezometers used marked along
the profile.

Horizontal hydraulic conductivity Ky was calculated by falling head tests and calculated
according to the method of Hvorslev (1951) and Bouwer and Rice (1976), and corrected
following the findings of Chapuis (1989). Tests were performed by installing a standard type
40 mm inner diameter (ID) PVC waste pipe with slotted sections to the depths of the
piezometers near each of the MP’s sampling depth. Usually one test was performed per depth
inside each of the clusters (see section 2.2.3 and Figure 2-3). The piezometers used to
measure Kn were installed between 10 and 30 cm from the MPs to reflect as accurately as

possible the sediment structure of the injection points without causing disturbance to the flow
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field of the MPs. Vertical hydraulic gradients (VHG) were measured during each experiment
using a Solinst 102 water level indicator with a 4 mm tip (Solinst, Georgetown, ON, Canada)
through the centre tube of the MPs (Figure 2-2). VHG were calculated as Ah/Al, where Ah is
the inside and outside difference in piezometer water level and Al is the distance from the

centre of the screened section to streambed surface level (Krause et al., 2013).

2.2.3. Pore-water extraction and tracer injections

Water sampling and push-pull injections were performed using MPs (Figure 2-2) similar to
those used by Krause et al. (2013) and Rivett et al. (2008b). The MPs were built specifically
per site (Table B-1), according to results from the GPR surveys of the streambed, with the
mini-points attached to depths with structures of interest. The MPs were grouped in clusters
1, 2 and 3 (see also Figure 2-3), in order to cover three specific types of streambed subsurface
structures with apparent similar features and hence increase potential sampling size. Although
the streambed and hyporheic zone in the study area are heterogeneous, the zones of injection
were assumed to be homogeneous and isotropic and to represent a small sub-area of the

hyporheic zone.

The MPs consisted of a central 10/13 mm (ID/OD) high-density polyethylene tube (Deutsch
& Neumann, Berlin, Germany), to which several 1.6/3.2 mm (ID/OD) PTFE tubes (Tygon®
E-3603, Saint-Gobain Performance Plastics, Charny, France) were attached to act as mini-
points (Figure 2-2). The central tube had a screened section at the bottom, which was 110 cm
below streambed surface, drilled with 24 holes with a 3 mm diameter, covered with a mesh.
The tips of the mini-points were covered with a 100 um nylon mesh to keep most sediments
out, while maintaining a good flow. The MPs were then installed into the streambed using a

steel guide tube that was retracted after hammering, leaving behind the piezometer in place.
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Missing MP numbers (Figure 2-1) were built and installed (Table B-1), but were not

functioning when installed in the field.

Residence time (RT) calculation was based on the dilution time of chloride from the MP
injections and is defined as the time in hours for the electrical conductivity (EC) to fall back
to 0.1% of EC raised by injection, as this was the level at which the EC meter did not display
any decimals. RT was then calculated by fitting a linear model through all measured points

over time and taking the time t where the linear regression intersects y=0.001.

2.2.4. Tracer injection

The tracer injection method was based on the point dilution method (Drost et al., 1968;
Lamontagne et al., 2002; Kobr et al., 2005; Piccinini et al., 2016) and adapted to our MP
specifications (Figure 2-2). The advantage of this method is a minimal distortion to the flow
field under investigation (Drost et al., 1968; Freeze & Cherry, 1979), due to the limited

internal diameter size of 1.6 mm of the MP sampling points.

The reactive tracer resazurin (Apollo Scientific, Stockport, UK) was injected at several MPs
at various depths as described in Table B-1, where each location was a unique injection and
sampling location. Sodium chloride was co-injected with raz to correct for advective losses

during the incubation period and calculate RT. A 1500 ng/l raz stock solution was prepared

with tap water less than 24 hours before start of the experiment. Chloride was added to

approximately double the background conductivity of the pore water.
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Figure 2-2. Description of piezometers used in experiments. Mini-piezometers were installed
in the channel section and held up by bamboo canes during experiment days (A). Samples
were taken from each depth using a 60-ml syringe that was connected to the tubing via a
three-way stopcock (B). The tubing on the side of the centre tube leads from above the water
surface (C1) to different depths along the vertical profile (C2). The centre tube has a screened
section between 105 and 115 cm depth (C3) which is used to measure vertical hydraulic
gradient.

The push-pull injection for each MP depth was performed by connecting a three-way
stopcock to the MP tubing, extracting twice a 45-ml pore water sample using a 60-ml syringe
and keep sample in syringe. A 10-ml syringe loaded with 10 ml of tracer stock solution was
connected to the third stopcock inlet and slowly injected simultaneously with each of the
syringe, 5 ml of stock solution at a time, sparing 3 ml of pore water from the last syringe to
wash all tracer down the tubing. The injectate then had a raz concentration of 150 ng/l. For
each time step, starting at t=0 directly following injection, 3 ml was extracted from the MP
and discarded to rinse MP tubing. A new 15 ml sample was then taken from the MP point,
which is the minimal amount required for the fluorometer. The sample was measured for DO
and temperature using a light-shielded, modified 60 ml syringe on a YSI Pro-ODO handheld

DO meter (YSI-Xylem, Rye Brook, USA). It was then injected and filtered over a 0.45 um
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syringe filter into the fluorometer chamber (Albillia GGUN-FL30 field fluorometer) and
measured for at least 3 minutes. The first sample extraction measurement after injecting was
taken as t=0. After measuring the sample was discarded and the fluorometer rinsed. The next
sample extraction was performed one hour after tracer injection, and the aforementioned
steps of analysis were repeated. Based on the apparent speed of dilution at t=1, for each MP it
was decided to extract the next sample at either t=2 or t=3. The last sample extraction was
decided when background conductivity was back to normal, which ranged between t=8 and

t=24, depending on the MP location.

The average internal volume of the MP tubing is 2.01 ml per meter of mini-point tubing.
Because injection volume (100 ml) greatly exceeds the internal volume by approximately 25
times, we neglect any vertical water flow within the observation well (i.e. mini-point tubing).
This means that the apparent dilution velocity, va, is equal to ratio of va to a, the filtration
velocity in the layer (Drost et al., 1968; Kobr et al., 2005; Piccinini et al., 2016). The tracer
was not allowed to drift. Due to the design of the mini-piezometer, the influence of the well
was expected to be negligible on the velocity field around the outlet (Leap & Kaplan, 1988;
Hall et al., 1991). Standard estimated effective porosity values were based on McWhorter and

Sunada (1977).

2.2.5. Microbial metabolic activity

Resazurin (raz) was used as a tracer for microbial metabolic activity (MMA). Raz reduces
irreversibly to resorufin (rru) in the presence of aerobic microbial metabolism rather than
anaerobic metabolism (Gumprecht et al., 1995; Haggerty et al., 2008). Both raz and rru can
be detected fluorometrically and simultaneously (Lemke et al., 2013a). It has recently been
introduced as a “smart” tracer for MMA in aquatic environments (Haggerty et al., 2008).

Since, it has been successfully been applied across different scales, from microcosms to
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reaches of more than one kilometre (Haggerty et al., 2009, 2014; Argerich et al., 2011;
Gonzalez-Pinzon et al., 2012, 2015; Lemke et al., 2013b; Baranov et al., 2016; Knapp et al.,

2017).

After raz was injected and extracted, the concentration of both raz and rru were measured on

the fluorometer and the ratio of the two were calculated as:
) rru )
ratio = In(—+1) Equation 2-1
raz

The ratio of Equation 2-1 was measured at several timesteps and a linear regression was fitted
through each of the timestep points to express the growth of the daughter compound rru
relative to the parent compound raz. The slope of the line yields microbial metabolic activity

expressed as hourly raz turnover and serves as a measure to compare between different sites.

Due to sporadic measurement errors on the fluorometers, it was not possible to calculate
MMA for all the injection locations. The most likely sources of the errors were air bubbles
inside the measurement chamber, resulting in scattering of light and incorrect excitation
measurements. Fluorescence results from nine piezometer injections were discarded out of a
total of 30. However, chloride dilutions and porewater chemistry were retained as these were
unaffected by these errors. Sorption differences between raz and rru were assumed to be of
negligible influence. MMA varied up to one order of magnitude between long and short RT,;
it seems unlikely that this large difference is caused by a difference in sorption alone (Lemke

etal., 2014).
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2.2.6. Analysis of porewater chemistry

Before commencing each experiment, porewater was sampled from the MPs for analysis of
nitrate, dissolved organic carbon (DOC) and for experiment 2 and 3 also NH3+NH4*, referred
to as NHy, as new equipment became available. Filters were extracted by attaching a stopcock
to the MO tubing, discarding the first 5 ml. A 50 ml sample was divided between 7 ml for
nutrients and 25 ml for DOC analysis, with a few ml to spare for pre-rinsing the containers.
The samples were filtered immediately using a 0.45 pm nylon syringe filter (Thames Restek,
UK), which was pre-soaked in deionised water to prevent DOC leaching. Nitrate and NHy
samples were stored in 15 ml centrifuge tubes (Greiner Bio One, Frickenhausen, Germany).
DOC samples were stored in acid washed 50 ml centrifuge tubes (Greiner Bio One,
Frickenhausen, Germany). All samples were frozen and stored until analysis due to
equipment limitations. Although freezing was expected to alter nutrient concentrations,
nutrient concentration alterations are expected to be less than natural variations at time of
sampling (Avanzino & Kennedy, 1993). Frozen storage time was similar for all samples
(between 4 and 8 weeks). DOC concentrations were assumed unaffected by freezing, which
can change due to freezing through precipitation of less labile fractions of DOC (Fellman et

al., 2008). On visual inspection no precipitation was observed prior to analysis.

During sampling, DO measured in a flow-through cell using Pro-ODO handheld DO meter
(YSI-Xylem, Rye Brook, USA). Background EC was measured by a Hanna HI-98129 EC/pH
meter (Hanna Instruments, Woonsocket, USA). Instruments were calibrated before the start
of the experiments. DOC was measured as non-purgeable organic carbon using a Shimadzu
TOC-V analyser. Nitrate samples from the first experiment were measured on a Dionex IC-

2100 analyser (Dionex, Sunnyville, USA). Samples from the other experiments, including
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NHyx samples, were measured on a Skalar San** flow analyser (Skalar Analytical BV, Breda,

NL).

2.2.7. Data analysis

Results of physical characteristics, chemistry, and MMA between clusters were compared by
means of T-test or Mann-Whitney U test, depending on the outcome of a Shapiro-Wilkes test
for normality. Trends were compared by simple linear regression or nonlinear least squares
regression to fit either linear, exponential (log) or power-law regression (log-log) models.

Model fits are reported using residual standard error.

2.3. Results

2.3.1. Streambed fluxes and residence times

Horizontal hydraulic conductivity Ky varied with depth (Figure 2-3a), as expected from
residence time. When comparing Ky across the reach, there was a potential for longer
residence times due to lower permeability in cluster 3 (near piezometers 14 to 18). The area
that was designated as containing a high fraction of peat (black colour in Figure 2-3), had
several magnitudes smaller values for Kn compared to the rest of the reach. At greater depths,
underneath the peaty area, the hydraulic conductivity appeared to be higher, such as MP 14-
100 (piezometer 14 at 100 cm depth). Cluster 2, around MP 10 to 12, was dominated by a
more sandy sediment, which was reflected by higher Ky values. Mean hydraulic

conductivities were 5.2+2.8, 5.8+3.1 and 2.0+2.8 m d* for clusters 1, 2 and 3, respectively.

Bulk residence time was calculated from chloride dilutions (Figure 2-3b) and will be referred
to as just residence time (RT) for both singular and plural. There was a pronounced difference
between RT in cluster 3 where there a dominant area of lower hydraulic conductivity was
present. In the middle section of cluster 2, near piezometers 7 to 12, more sandy sediments
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were found and RT were shorter. RT in cluster 3 were significantly longer than in cluster 2,
with mean RT of 7.72+4.52 and 20.78+17.53 hours for clusters 2 and 3, respectively. Mean
RT in cluster 1 was similar to cluster 2 with 8.59+2.67 hours. Shortest RT were in the area
with most sandy sediments (cluster 2). Longest RT were found in the area with most peaty

and clay areas (cluster 3).

Vertical hydraulic gradients (VHG) were positive during all experiments at all piezometers,
indicating a net upwelling regime throughout the entire reach (see also Figure B-1). Mean
VHG were 0.33+0.09, 0.29+0.10 and 0.28+0.17 m m™ for clusters 1, 2 and 3 respectively,

and 0.29+0.13 m m* for the entire reach.

2.3.2. Streambed biogeochemical and metabolic conditions

Dissolved oxygen (DO) per piezometer was measured throughout the injection phase. Mean
DO concentrations are displayed in Figure 2-3c, which are based on the average of
measurements at several time steps. The highest DO concentrations of 4.44+2.17 mg/l were
generally found in cluster 2 at the midsection of the reach. Mean DO was lowest in the peaty
area of cluster 3, with concentrations of 2.35+0.74 mg/l. Mean DO concentrations in cluster 1
were 3.13+1.42 mg/l. DO concentrations in cluster 3 were significantly lower compared to
cluster 2 (t(10,17) = 3.7069, p = 0.00176, n = 16). For comparison, mean DO in the stream

water was 9.49+0.35 mg/I.

Microbial metabolic activity (MMA) varied along the reach and with depth as well (Figure
2-3d). Mean MMA was almost twice as high in cluster 1 and 2 (0.155+0.100 hr? and

0.150+0.064 hrt) when compared to the most downstream cluster 3 (0.078+0.060 hrY.

59



oo Longitud'inal representation 'r.>f measurements .,
(|
A

4 B 7 12 10 14 16 17 18

Hydraulic conductivity Kpp

i ) 005 =05 ©25 (s 015 (mvd)
o T T |' T T | B B B T T T T T T T T T

B. 4 6 7 12 10 14 1617 18

o: @: @: @i
T T T T

D. steam 4 & 7 12 10 14 16 17 18

m A
il @005 @o- @o1s @o2 ozs | +1)m
et 1 T I 1 I I I
E. steam 4 & 7 12 10 14 1617 18

1 o5 @20 @so ((so man
T T T

F. stream 4 & 1 7 12 10 i 14 1617 18

-2 and
LN LS ~005 005 @1 @2 (as mon

- T T T T T T T T T T T T T T T T T T T 1T
G.ﬂ Stream 4 6 1 7 12 10 I 14 16 17 18

Dissolved organic carbon 1

2
1 @5 Q1w 2o an (mgh)
- T T 1 T T T T T T T T 1 T T T T T T T T T 1
70 75 80 85 90 95 100 105 110 115 120 125 130 g135 140 145 150 155 160 165 170 175
' Reach length {m) l
Cluster 1 [ Cluster 2 [ Cluster 3

Figure 2-3. Physical and chemical properties of streambed sediments plotted along a
longitudinal depth profile for each piezometer. The background is the streambed sediment
structure, according to the GPR results.
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Mean nitrate concentrations in the three main clusters (Figure 2-3e) were 46.29+11.75,
66.48+11.70, and 14.23+22.10 mg/l in clusters 1, 2, and 3, respectively. The mean
concentration in cluster 3 was significantly lower than both cluster 1 and 2 ([Mann-Whitney
U=48,n1=5n2=11, P =0.019 two-tailed] and [Mann-Whitney U =63, n1 =6, n, =11, P
= 0.001 two-tailed], respectively). Vertical patterns in nitrate were observed that varied with
location. In some cases (e.g. MP 14) concentrations decreased from the lower end towards
the streambed, or increased (e.g. MP 18). In other locations, the concentrations remained

more or less constant (e.g. MP 4 to 12).

Total ammonia+ammonium (NHz+NH4") is reported as NHx (Figure 2-3f). Due to equipment
limitations, these concentrations were measured in the last two out of three experiments.
Mean NHx concentrations in the three clusters were 0.097+0.031, 0.084+0.057, and
1.011+0.983 mg/l in clusters 1, 2, and 3, respectively. The mean concentration in the
downstream cluster 3 was significantly higher than in clusters 1 and 2 ([Mann—Whitney U =
24,n1 =8, n; =3, P =0.012 two-tailed] and [Mann—Whitney U=39,n1 =8, n,=5,P =

0.003 two-tailed], respectively), with local concentrations as high as 3.21 mg/I.

Mean DOC concentrations were 2.90+£1.54, 4.22+3.64, and 9.81+£12.92 mg/l in clusters 1, 2,
and 3, respectively (Figure 2-3g). The mean concentration in the downstream cluster 3 was
significantly higher than cluster 1, but not cluster 2 ([Mann-Whitney U =6,n1 =5, n, =11, P
= 0.013 two-tailed] and [Mann—Whitney U = 16, ny = 6, n, = 11, P = 0.098 two-tailed],
respectively). Although not significant, higher DOC concentrations were found in the area
with high peat presence, cluster 3. One location with noticeably higher DOC was MP 17-115
with 48.24 mg/l, which was more than 5 times the standard deviation of the mean (6.27+7.98
mg/l). Mean streambed DOC concentrations in the entire reach were 6.30£8.37 mg/l,

compared to 5.91+0.37 mg/l in the stream.
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2.3.3. Residence time and oxygen controls on MMA and nutrient cycling

Lower DO concentrations were generally found at longer RT, which was best described by an
exponential relationship (Figure 2-4a). A clear direct relation between DOC and RT was not
found (Figure 2-4b). Higher DOC concentrations were mainly found at lower residence
times, except for high DOC concentration at MP17-115, which was in an area with higher
peat abundance. MMA was more intensive in locations with lowest RT (Figure 2-4c). At
longer RT there was less nitrate present (Figure 2-4d). More specifically, the variation in
nitrate concentrations dropped sharply at residence times longer than 20 hours. When
comparing RT and NHx concentrations (Figure 2-4e), higher concentrations were found at

longer RT, although no significant correlation could be found between the two.
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Lower DOC concentrations were found at higher DO concentrations, although the
relationship was not strong (Figure 2-5a). While both DO and MMA appear to be controlled
by RT, there is no strong direct relationship between DO and MMA (Figure 2-5b), even
though raz turnover is typically associated with aerobic microbial metabolic activity (see
methods). There were four locations with the highest MMA that drew attention which had
mean DO concentrations of 1.5-2.5 mg/l, which was not above average. Nitrate
concentrations followed a pattern where higher concentrations were generally found at
locations with high DO (Figure 2-5c). A threshold value seemed to exist between low and
high nitrate concentrations around DO = 2.5 mg/l. NHx concentrations were lower in areas
with lower DO (Figure 2-5d), which were in the peaty area of cluster 3 (Figure 2-3f). Higher
DO was generally present at higher hydraulic conductivity (Figure 2-5e). High DO

concentrations were not observed at locations with low hydraulic conductivity.

There was no strong relation between MMA and nitrate concentrations (Figure 2-6a), despite
both MMA and nitrate decreasing with increasing RT. Based on this study it is unclear
whether MMA controlled nitrate concentrations, or vice versa. There were few locations
(Figure 2-6a) that had (relatively) low nitrate concentrations (<20 mg/l) and low MMA (<0.1
hr'1). This cluster of points had mean residence times of 34.94+17.61 hours, which was
substantially higher than the general mean residence time of 15.32+14.46 hours. Like nitrate,
there was no direct relation between NHx and MMA (Figure 2-6b). In general, NHx was often
present in locations with high OM presence and low breakdown rates, which would yield low
MMA, although we cannot find this relation. The four highest values for MMA were found at
a large range of DOC contents between 1.44 and 11.18 mg/l (Figure 2-6¢). Highest MMA
was found where the hydraulic conductivity was higher (Figure 2-6d). Multivariate
approaches were attempted for the parameters in Figure 2-6, but no significant model was

found that could describe meaningful relations.
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streambed only. Data measured in stream water is plotted in blue for reference.
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When comparing NHx and DOC concentrations (Figure 2-7a), higher NHx was generally
found in areas with higher DOC. This coincided with the locations of peat abundance in
cluster 3. Nitrate and NHyx were inversely related, with the highest NHy exclusively present in
locations with low nitrate (Figure 2-7b). Most nitrate was present at the lower end of our
range of DOC concentrations (Figure 2-7c), although there was no clear or significant
relation found between DOC and nitrate. No significant multivariate models could be found

that could describe meaningful relations in Figure 2-7.
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over the detection limit of the fluorometers.
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2.4. Discussion

Building on the previous work of Krause et al. (2012, 2013), this study provides a detailed
analysis of the effect of low conductivity strata on streambed on bulk residence times,

microbial metabolic activity and nitrogen and carbon cycling.

67



2.4.1. Streambed sediment controls on residence time distributions

Streambed hydraulic conductivity Kn varied substantially between the clusters and higher RT
was associated with lower K, driven by differences in sediment characteristics. We found
lower values for Kn at structures in the streambed that were expected to be of lower
conductivity, such as peat and clay, as represented by the GPR measurements (Figure 2-3a).
A high Ky combined with sufficient advective flow reduced residence times (RT) of the water
in the subsurface (Figure 2-4f), such as in the areas of cluster 2 with sandy sediments. RT
varied between sites, but were longest in cluster 3, where the highest density of low
conductivity clusters in the reach were found. Though not significant, the shortest RT were
found in cluster 2 where the highest sand content was present. Although RT and Kn were
measured using different methods, they reflect similar patterns where high RT and low Kn
coincide (Figure 2-4f). In a few cases there were shorter RT present at relatively low Kp,
which could have been a consequence of high spatial heterogeneity of the hyporheic sediment
(Song et al., 2016). It may also be explained by sediment clogging of the screened section has

occurred during measurements of hydraulic conductivity.

2.4.2. Streambed oxygen concentrations as a function of flow pathways and RT

RT were important for DO concentrations at each location. The highest DO concentrations in
the reach were found in the stream water and the second highest in the deepest part of our
studied reach, which was at MP12-115 cm depth (Figure 2-3c). Based on positive VHG in the
reach, the likely source at MP12-115 was upwelling groundwater, rather than hyporheic
exchange. DO concentrations decreased from the deeper points at MP12 towards the surface,
suggesting there was consumption in cluster 2 along these flow paths. The source of high DO
in the deeper surface remains unknown, but may be attributed to relatively short GW

upwelling flow paths.
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RT was an important control on DO concentrations, driven by streambed heterogeneity
(Figure 2-3b and Figure 2-4a). The lowest DO concentrations were found in cluster 3,
reflected by longer RT. DO concentrations in cluster 1 were lower than cluster 2 and can be
explained by their proximity to layers with lower conductivity, such as the area with sandy
clay between MP4 and MP6. The longest RT within cluster 1 was at MP6-70, which

coincided with one of the lowest DO concentrations.

2.4.3. The impact of RTD and resulting oxygen conditions on MMA

The novel application of push-pull raz injections in the streambed provided us with new
insights into microbial metabolic activity (MMA) at very local scales. DO concentrations at
locations with low Ky were predominantly low, more DO is consumed by MMA at longer RT
and eventually MMA slows down when it becomes limiting. In areas with low K this causes
faster oxygen consumption than resupply, suggesting that MMA controls DO concentrations.
Despite this observed control, a direct relation between DO and MMA could not be
quantified (Figure 2-4c). The relation between MMA and DO is not straightforward: our
results do not suggest that MMA is highest in locations with consistently high DO. Highest
MMA was in locations with DO between 1.5-2.5 mg/l, suggesting that high MMA is
responsible for DO consumption along the flow path (Sobczak & Findlay, 2002). DO
concentrations are merely a snapshot of the situation at a specific moment. It is not simply a
closed system, and there is continuous advection, dilution and diffusion taking place
(Malcolm et al., 2006). This illustrates the dynamic nature of MMA, similar to a continuum
as presented in Zarnetske et al. (2011a), where DO was limiting to control biogeochemical

processes.

In general, areas with low Ky have lower MMA and longer RT, suggesting MMA was also

influenced by streambed structure and heterogeneity, possibly due to sediment clogging
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(Nogaro et al., 2010). Higher MMA was found in areas with higher K, such as closer to the
streambed surface and where sandy deposits dominate and RT are shorter, such as cluster 2.
In other words, streambed K appeared to be an important control for hyporheic microbial
metabolic activity. The variation of MMA between different sites decreased substantially
when residence times were longer than 20 hours, which were all located in the downstream
part of the reach. However, the shortest RT were not exclusively associated with highest
MMA, which may be due to the presence of micro-zones with unique redox characteristics

that are not accurately reflected by the Kn measurements (Briggs et al., 2015).

2.4.4. Nutrient cycling

Nitrate concentrations varied strongly around low conductivity structures in the streambed
(Figure 2-3e) and followed a pattern around a threshold value of DO (Figure 2-5c), which is
similar to previous findings at this site (Krause et al., 2013). This threshold is around 2 mg/I
of DO, which appears to be similar for the threshold DO concentration where NHy is
observed (Figure 2-5). This value seems on the higher end of a range of observed threshold
values between 0.2 and 4 described in a literature review by Rivett et al. (2008a, and
references therein). Due to the nature of sampling in this experiment, where a certain volume
is sampled, it averages out any anoxic microsites that could be present where DO
concentrations are lower than the measured 2 mg/l (Zarnetske et al., 2011a). The results
suggest such microsites were present in the studied area and DO conditions around 2 mg/I
demonstrated presence of nitrate spiralling (Briggs et al., 2014). In areas of longer RT, nitrate
concentrations were lower compared to a shorter RT area such as cluster 2. Considering the
predominantly upwelling hydraulic regime, we observe strong concentration changes along
the vertical profiles in cluster 3, whereas the variation along profiles in cluster 2 and 1 are

substantially smaller. We hypothesise that the low conductivity structures in cluster 3 act as a
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boundary to provide a relatively isolated environment below, where hyporheic exchange flow

is effectively cut off.

During our study DOC was not identified as a limiting factor for MMA. Even at the lowest
DOC concentrations measured in our reach there was substantial MMA detected. A direct
relation between DO and DOC could not be confirmed. An explanation that the link is not too
strong, is possibly that there was no information on the carbon quality in the system. In a
recent study by (Zarnetske et al., 2011b) it was shown that mainly labile carbon acts as a
main control in biogeochemical cycling. DOC concentrations in this study were higher,

which supports the hypothesis that DOC in general was not a limiting factor.

2.4.5. Peat as control for NH4

NHx concentrations were strongly location-dependent. The most likely source of NHy in the
streambed is from OM mineralisation (ammonification) inside the streambed. Within cluster
3 we identified high peat and clay presence with large deposits of OM which provided
ammonium to the overlying pore water (e.g. Koretsky et al., 2006). We believe that in cluster
3 there is mineralisable, exchangeable and non-exchangeable ammonium present. Under
conditions with low pH a low concentration of NH4* in the upwelling water may have been
sorbed by the available sorption potential of the peat as well to sustain high concentrations in
the pore water above (Triska et al., 1994). Since our results suggest that in this section
upwelling is more complex due to the presence of the low conductivity strata, this chemical
signature of the hyporheic water is rather restricted to this particular area. Ammonification is
common in sections with accumulation of DOC at the soil-water interface near the riparian
zone (Hedin et al., 1998) and in pool sections where flow conditions are calmer (Lefebvre et

al., 2004). In this study, increasing NHx concentrations were observed from the stream
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downwards to zones with high peat content inside the streambed, suggesting the low-flow,

but high-DOC peat layer to be the source.

DNRA, although probably present, was not believed to be a major contributing factor, which
is usually observed in highly anoxic and organic-rich environments (Mitsch & Gosselink,
2010). Locations in this study with high NHy still have DO present, albeit at low
concentrations. Hyporheic zones in areas with high peat content are known to be a stronger
source of ammonium than those that have no or little peat (Greenwald et al., 2008). Similar
patterns can be observed in our reach: clusters 1 and especially 2 have more sandy sediment
type (i.e. alluvial) and contribute only marginally to the NHx content. Cluster 3 on the other
hand is by far the largest contributor with pore water concentrations over 12 times higher

than cluster 2.

Over the studied reach there were several locations with substantial NHy concentrations; e.g.
MP14-20 has only 1.24 mg/l nitrate, but there is 3.2 mg/l NHx. This study’s spatial sampling
resolution for the streambed above the low conductivity (LC) peat layer in cluster 3 was not
fine enough to capture the full ammonium dynamics, as these concentrations and such strong
gradients were not expected. Future studies could increase the resolution to find whether

nitrification is a major pathway between source and sediment-water interface.

2.4.6. Streambed heterogeneity and related hotspot activity

The results suggest that the heterogeneous streambed environment hosts a variety of nutrient
turnover rates. Not only was a mechanistic control of LC layers in the streambed observed
like in earlier studies (Conant, 2004; Krause et al., 2013), but also strong spatial changes in
concentrations of nitrate, NHx, DO and DOC. These changes appeared to be preferentially

located in zones with larger sections of LC layers (e.g. Figure 2-3c and e) and coincided with
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enhanced nutrient turnover. The anaerobic zones in the streambed were important controls for
the spatial patterns of nitrate and ammonium, similar to water at soil-stream interfaces
(McNamara et al., 2008). Although hotspots of nitrate spiralling were identified in this study,
future studies could focus on temporal dynamics of nitrate to identify hot moments. Due to
relatively high flow and the heterogeneity of the streambed, the hyporheic zone is possibly of
shallow depth. In heterogeneous streambeds, a plume of mixing stream water may move back
and forth and create local delays in mass transport, hence locally increasing these RT (Hester
et al., 2017). However, RT are mainly expected to be lower when higher K strata are
connected throughout the streambed, as these will act as preferential flow paths (Pryshlak et

al., 2015).

LC structures partially disconnect lower regions of the streambed (Figure 2-8). Such
disconnections, combined with a predominantly upwelling hydraulic regime, reduce the size
of the hyporheic zone, which leads to shorter residence times in the higher parts above the LC
structures and effectively a smaller hyporheic zone (Gomez et al., 2012; Fox et al., 2016).
Groundwater upwelling can inhibit deeper hyporheic cycling (Boano et al., 2008), although
these shorter residence times create an environment promoting higher turnover and promote
the presence of biogeochemical hotspots due to the presence of the LC structures. On the
other hand, water that slowly flows through these LC structures will have a relatively high
RT. In these high RT areas, biogeochemical processes slow down due to the lack of oxygen
(Zarnetske et al., 2011a). We see this clearly reflected by the decline in DO at higher RT
(Figure 2-4a). We demonstrate how biogeochemical processes can be very local within the
reach scale and choosing a study site for a higher resolution study requires careful

consideration.
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Figure 2-8. Conceptual model of streambed processes adapted from Krause et al. (2012).
Upwelling groundwater (GW) is forced around low-conductivity (LC) structures, such as peat
and clay lenses, increasing its residence time (RT). In some sections (e.g. middle section) the
upwelling GW is well connected with the stream and has shorter RT, with higher DO
concentrations and high MMA, but lower potential for denitrification. In the upstream and
downstream part there is increased hyporheic exchange flow possible due to the LC
structures. The peat and clay strata have higher RTs and lower DO concentrations due to
depletion. MMA slows down, but there is increased potential and hotspots for denitrification
and ammonification.

We were unable to find a model that correctly describes the relation between most or each of
the most important physical and chemical parameters, such as bulk RT, nitrate, ammonium,
DOC and MMA. Finding such a relation may prove difficult, not only because of the
heterogeneous environment where processes can be hyperlocal, but also because of
confounded process controls that may have hidden feedbacks. To capture relevant parameters
on timescales that are necessary to accurately model complex flow behaviour, an extensive
piezometer network would be required to capture even sharper gradients, which is beyond the

scope of this study.
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2.5. Conclusions

Microbial metabolic activity and nutrient concentrations were measured during a novel push-
pull experiment in a heterogeneous streambed environment of a lowland stream in the UK.
Unprecedented detailed knowledge of streambed sediment structure revealed direct control of
Ki» on MMA and nutrient concentrations. Spatial patterns of K, were found to control
hyporheic exchange flow velocity and RT distributions. DO concentrations were controlled
by RT, where higher DO concentrations were generally found at shorter RT. MMA was
lower at longer RT, where DO became limiting. Nitrate cycling was strongly linked to DO
concentrations, which in turn were controlled by RT. DOC was not limiting for MMA in the
studied reach and was not controlled by aerobic MMA. NHx concentrations were controlled
by the presence of low conductivity structures with high OM content in the streambed and
were found to release substantial amounts into the streambed. Heterogeneous streambeds and
hyporheic zones host a wide range of environments with sharp gradients that cannot always
be observed from the streambed surface. Hotspot activity may be related to deeper lying
sediment structures which are not always accounted for in studies. The presented results shed
new light on the role of LC structures and their role in nutrient cycling and possible impacts

on MMA related greenhouse gas production.
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Chapter 3. Macrophyte controls on total stream
microbial metabolic activity in an urban
stream

Paul Romeijn, David M. Hannah, Stefan Krause

Abstract

Many streams worldwide are under direct influence of wastewater treatment plant effluents.
Properly managed drainage is important in these mostly urban areas as flooding is unwanted.
Macrophyte growth in the channels is sensitive to eutrophication and is one of the causes of
reduced drainage. Therefore, macrophytes are mowed from the channel bed on a frequent
basis as a management practice. However, the impact of mowing on the streambed and
microbial metabolic activity (MMA) is not fully understood. Tracer slug injections were
performed with conservative tracer uranine and the reactive tracer resazurin before and after
mowing the macrophytes. Contrary to the hypothesis, mowing of the macrophytes did not
lead to a significant decrease in whole-stream MMA. Although MMA was slightly lower in
mowed segments than before, the decrease in the unmowed segments was much larger,
despite a substantially lower travel time in the mowed segments because of mowing.
Transient storage index was calculated for each segment and was found to have slightly
increased. The results suggest that removing macrophytes exposed the sediment and
combined with increased flow velocity improved hyporheic exchange through the sediment.
Even though the storage compartment of the macrophytes had disappeared, the storage
compartment of the hyporheic zone was improved. The hyporheic zone provided better
metabolically active transient storage so that net MMA in the mowed segments, although a

slight net decrease, was relatively improved. Thus, macrophyte mowing did not lead to
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significant losses of stream microbial metabolic activity and potential nutrient and pollutant

attenuation.

3.1. Introduction

In many streams worldwide, and urban streams in particular, local water management
depends on reliable waterway functioning for water transport and nutrient management from
wastewater treatment plant (WWTP) effluents (Hellstrom et al., 2000; Paul et al., 2001,
Cotton et al., 2006; Brown et al., 2009; Marlow et al., 2013). In urban and agricultural
settings, a surplus of nutrients may be expected with a high potential for eutrophication.
Macrophytes growth inside channels is often sensitive to eutrophication and increasingly
blocks waterways (Kantrud, 1990). To maintain a good flow through natural and strongly
anthropogenically modified streams, macrophyte removal by mowing is used as a common
management practice (Vereecken et al., 2006; Ochs et al., 2018) that potentially disturbs

instream habitats (Kaenel et al., 1998; Baattrup-Pedersen et al., 2016).

Macrophyte growth may increase stream storage capacity (Vereecken et al., 2006; Hensley &
Cohen, 2012), increase the potential for fine sediment trapping (Sand-Jensen, 1998; Madsen
et al., 2001) and increase stream temperature (Wilcock et al., 1999). While it may seem
trivial to assume that increased fine sediment retention may promote higher microbial
metabolic respiration in streambed sediment communities, this is not always confirmed in

field observations (O’Brien et al., 2014).

The biogeochemical role of macrophytes growing inside channels is not yet fully understood.
Although macrophytes are important for instream biogeochemical cycling, this is often
attributed to autotrophic metabolism (Riis et al., 2012; O’Brien et al., 2014), while the

combination with heterotrophic demand seems more important (Garcia et al., 2017).
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However, macrophytes can be important in high-nutrient lowland rivers for NH4* attenuation

by uptake (Levi et al., 2015) and epiphytic biofilm formation (Alnoee et al., 2016).

While transient storage is important for nutrient turnover, urban streams are among those
with lowest storage due to low complexity of the channel morphology (Gooseff et al., 2007).
Optimal management in urban streams could benefit from knowledge about the impacts of
macrophyte removal, since it is a common management practice. Previous studies focused on
headwater streams or focused specifically on macrophyte nutrient uptake rates (Kaenel et al.,
2000; Hensley & Cohen, 2012). In urban streams there are still knowledge gaps on the effects

of removal as management practises on total stream microbial metabolic activity.

We hypothesise that (I) removal of macrophyte vegetation reduces transient storage and
increases flow velocity, leaving a less favourable habitat for microbial communities. Also,
(11) when transient storage is reduced, a reduced residence time may lead to reduced
microbial metabolic activity. As a result, whole reach reactivity and nutrient turnover are
expected to be lower in mowed streams, giving urban streams less opportunity to break down
pollutants received from WWTP. This study used concurrent conservative and reactive tracer
injections to compare situations before and after a macrophyte removal on total stream

respiration effects of macrophyte stands.

3.2. Methods

Fluorescent tracer injections were carried out on two occasions: one before a macrophyte
removal, and one after removal. The study location was the river Erpe on the border of Berlin
and Brandenburg, Germany (Figure 3-1), a strongly modified section of urban stream.
Discharge in the Erpe has strong diurnal patterns driven by WWTP output, from which the

river receives the largest part of the water. Diurnal discharge can vary from 0.35 m?/s at night
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to around 1 m®/s during daytime. A part of the discharge is lost to side channels in section 3
that later re-join the main channel (Figure 3-1). Tracer that enters the side channels is
considered lost, as the water does not re-enter the main channel during the course of one
tracer experiment due to the low flow velocity relative to the main channel. Discharge in side
channels was measured and main channel discharge and tracer recovery corrected for the

loss.

Macrophytes were removed on 17 June 2016 by a specialised company using mowing
buckets attached to tractors, mowing over the sediment surface and slightly disturbing the
sediment without dredging it. Local authorities apply this management strategy on a yearly
basis to control macrophyte growth. Upstream segments 1 and 2 were not mowed, serving as
reference sections between tracer injections, while segments 3 through 7 were mowed (Figure

3-1).

Total microbial metabolic activity was measured using slug injections of the “smart” tracer
resazurin (Haggerty et al., 2009). Resazurin (raz) is transformed irreversibly to resorufin (rru)
in the presence of aerobic microbial metabolism and has been successfully applied from
microcosm scale (Baranov et al., 2016a, 2016b) to reach scale (Argerich et al., 2011; Lemke
et al., 2013b; Gonzéalez-Pinzoén et al., 2016; Knapp & Cirpka, 2017; Blaen et al., 2018). Both
parent and daughter compound raz and rru can be fluorometrically detected in water.
Resazurin was injected alongside the conservative tracer uranine (ura), which was used to

measure hydrodynamic flow parameters of the river.

High-frequency fluorometric tracer measurements were used (Lemke et al., 2013a, 2013b).
All tracers raz, rru and ura were detected online using Albillia GGUN FL30 field

fluorometers (Albillia, Neuchatel, CH), measuring at 10-second intervals at 7 different
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stations along the river (Figure 3-1). An additional FL30 fluorometer was set up out of the
water to measure grab samples taken at each station and used to check for consistency across
different fluorometers. All fluorometers were calibrated in stream conditions immediately
prior to tracer injections. Temperature was relatively constant, turbidity low and constant, and
pH was above 8 at all times throughout the experiment (Blaen et al., 2017). Fluorometers
were all placed in the river attached to a frame to be able to optimally measure inside the
water velocity profile and raising it above streambed sediments. Dissolved oxygen and
temperature were measured at each station using MiniDOT loggers (Precision Measurement

Engineering, Inc, Vista, CA, USA) at 5-minute intervals.

Confluence and

WWTP
tracer injections
200 meter /N\

- .
/ Station 6 .' i .
I S J
1 7 )
‘ ( Be.rlin ;
l - [ Study site
| | R

(Mtihlenstrasse)
Station 7

Figure 3-1. Study site of the River Erpe on the border of Berlin and Brandenburg. The river is
strongly channelled and transports mainly effluents from the wastewater treatment plant.
Several side channels transport a small part through the meadows surrounding the main
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channel. Fish ladders are indicated by red zigzag lines. Segment numbers are indicated by
circled numbers. For reference, location Heidemuhle Bridge is at 52°28'48.1"N,
13°38'12.1"E.

Tracer injections were performed on 16 and 21 June 2016 during daytime when discharge in
the Erpe was most stable. Photodegrading effects on raz were assumed negligible due to
cloudy weather (Haggerty et al., 2008). Tracer slugs were prepared for each injection by
dissolving approximately 25 grams of uranine (Fluka Chemicals, Seelze, DE) and 75 grams
of resazurin (Apollo Scientific, Stockport, UK) into 10 liters of stream water, targeting an
instream concentration of 33 pg/l and 100 pg/l for ura and raz, respectively. Slugs were
instantaneously released across the width of the channel at the injection point, giving a 246-

metre mixing length (Figure 3-1) to station 1.

Tracer breakthrough curves (BTC) were truncated below 0.1 pg/l (Lemke et al., 2013a). Flow
metrics were calculated from the truncated conservative tracer BTCs for each segment (Ward
et al., 2013; Schmadel et al., 2016). Recovered mass was estimated by numerically
integrating the area under the conservative tracer BTC. Advective time tag was calculated as
the time from tracer injection to tyeak. The window of detection tw was calculated as time of
first tracer arrival t; to tog, where 99% of tracer mass has passed and is normalised by dividing

by tad. All temporal and statistical moments were calculated using normalised tracer masses:

C(t)

t) = ——o5— _
c® f;:oggc(t)dt Equation 3-1

where C(t) is the total tracer mass that passed through a given segment and c(t) is the
normalised tracer mass. The first temporal moment (central moment) is an estimate of mean

tracer arrival time was calculated as:
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M,

t=99
f te(t)dt
t=0 Equation 3-2

The n™ moments for n>1 were calculated as:

t=99
= [ - myee
t=0 Equation 3-3

The second and third temporal moments (p2 and pis) were used to calculate skewness y, which

IS a measure for the late time tailing of the BTC relative to symmetrical spreading:

_ M3
- 3/2
Hz Equation 3-4

To estimate the amount of transient storage in a reach, the time necessary for tracer
concentrations to fall back to background concentrations was calculated as the transient

storage index, normalised for taq to standardise advective variations:

TS] = (t99 - tpeak)

tad Equation 3-5

Microbial respiration Reett (hr') was calculated per reach segment, based on raz turnover, as:

In(mg? / mgovm)

T Equation 3-6

Rcoeff =

where 7 is the travel time within a given segment between the upstream and downstream

segment calculated as tad,downstream-tad,upstream, Dased on the conservative tracer BTCs
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(Gonzélez-Pinzén & Haggerty, 2013; Gonzalez-Pinzon et al., 2014) and zeroth moment mg is
the mass of raz at the upstream and downstream end of a given reach. Dividing raz turnover
by reach length allows for comparison between treatments where a difference in residence

time is expected. All above metrics were calculated from the conservative tracer BTCs.

Relationships between before and after treatment of parameters were compared by type 1l
sums of squares two-way ANOVA according to a simple unbalanced before-after-control-
impact (BA*CI) design in the form of y = BA + CI + (BA:CI), where BA represents the effect
for before and after the mowing treatment and CI the effect for control and impact sites
(Schwarz 2018). Results of the ANOVA are reported as an estimated effect of the BACI
treatment as estimated changes of the means of the dependent variables of interest estimated
by least-square means, along with a standard error and 95% confidence interval estimated
from the least-square means method. Other parameters were analysed by a two-tailed T-test.
Results between different parameters were compared by simple linear regression shown with
R? or nonlinear least squares regression where the model was selected according to the lowest

standard residual error. Other results are shown with their standard deviations.

3.3. Results

Mean macrophyte density was 176.18+87.31 g m dry biomass, based on 3 random plots
inside the study area. Dominant species were Stuckenia pectinate (80%), Callitriche hamuata
(12%) and Sparganium emersum (7%). Macrophyte mowing removed an estimated 75% of
biomass inside the stream and, based on visual inspection, perturbed the top layer of the
streambed sediment. Water turbidity caused by loose sediments went down soon after

mowing had finished (the same day) and was similarly low during both tracer injections.
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Table 3-1. Overview of important parameter results, before and after mowing, with one

standard deviation.

Mowed Unmowed
Before After Before After

Mean discharge (m?/s) ! 0.65+0.02 0.63+0.03 0.82+0.02 0.84+0.02
Flow velocity (m/s) 0.15+0.05 0.21+0.06 0.11+0.02 0.11+0.02
Travel time total (hour) 23 3.97 2.69 1.47 1.45

TSI (hour) 0.869+0.244 | 0.927+0.244 | 0.494+0.101 0.448+0.162
Skewness (gamma) 0.375+0.128 | 0.589+0.211 | 0.456+0.139 0.437+0.007
Reoerr (1) 0.077+0.055 | 0.072+0.030 | 0.060+0.003 0.041+0.009
Reoert (M) (* 107%) 0.132+0.062 | 0.10+£0.043 | 0.156+0.032 0.100+0.009

! Mean discharge during passing of solute BTC

2 From injection to first moment (M1) at station 2

3 From M1 at station 2 to arrival at station 7

Discharge was similar during both experiments in all segments (Table 3-1/Figure 3-2). Flow
velocity increased in the mowed segments by 0.055+0.065 m s (38%), although the
treatment effect was not significant (F(2,10); p=0.417). Flow velocity remained similar in the
unmowed segments. Total travel time was substantially reduced in the mowed section of the
river: after macrophyte removal, travel time of the solute tracer was only 66% of the time
before removal. The difference was not significantly different by comparison with a t-test.

Travel time in the unmowed section was similar before and after and was only slightly lower.
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Figure 3-2. Discharge and dissolved oxygen concentrations during the tracer injections.
Discharge is displayed for stations 2 and 7 (see Figure 3-1) for upstream and downstream,
respectively. DO was measured at stations 2 (upstream), and 6 (downstream). Downstream
DO logger data after vegetation removal was incomplete near the end of measurements.
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Figure 3-3. Breakthrough curves (BTC) for uranine and resazurin tracer injections, and the
formed daughter compound resorufin (logarithmic axes). Above are BTCs before macrophyte
removal and below are results after removal. BTC colours correspond incrementally to
individual segments, from segment 1 on the left (blue) to segment 7 on the right (burgundy).
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The solute BTC passed quicker after removing the vegetation (Figure 3-3). The (normalised)
window of detection twnorm O the conservative tracer BTC decreased after mowing by
0.050+0.076 (corresponding to 0.39 hours or 17%) in the mowed segments (Figure 3-4b),
while twnorm in the unmowed segments remained unchanged. The decrease in the mowed

segments due to the treatment was not significant (F(2,10); p = 0.75).

Advective time, tag, was compared before and after removal (Figure 3-4a) and decreased on
average by 12% in the mowed section with increasing difference towards the most
downstream stations 6 and 7, while taq decreased only 4.4% in the unmowed segments 1 and
2. The decrease in the mowed section after treatment was not significant (t(4) = 1.6093, p =

0.1828, n = 5).

Skewness y of the solute BTC increased due to mowing of vegetation by 0.2310.22 (57%),
while the unmowed section was on average slightly lower by 4% (Figure 3-5a). Although the
change in y was substantial, it was not significant (F(2,10); p = 0.32). The largest increase in
y occurred in the downstream segments 5 and 6. While a decrease of 8.6% in transient storage
(normalised for tag shown in Figure 3-4a) was observed in the unmowed segments, removal
of macrophytes led to an increase in (normalised) transient storage of 0.065+0.057 (15%) in
the mowed segments. Segments with the largest increase were the most downstream
segments 5 through 7. Although the increased TSlhorm in mowed segments was not significant
(F(2,10); p = 0.28), removal of storage capacity within macrophyte stands leading to
increased TSI was unexpected. Transient storage increased linearly and significantly with
advective time (Figure 3-5d), described by a simple linear regression model (F(1, 12) =

84.94, p < 0.001, R? = 0.7883, n = 14).
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Mean dissolved oxygen concentrations were similar before and after macrophyte removal in
all instrumented segments (Figure 3-6a). Generally increasing DO concentrations were
measured from the WWTP in downstream direction, with the highest DO increase measured
in the first three segments of the river. Later segments are more clustered, but not strongly
affected by mowing. Dissolved oxygen varied throughout the river and highest concentrations
were found in locations with lowest discharge (Figure 3-6b). The relationship could be
described by a significant simple linear regression model (F(1, 8) = 84.94, p < 0.001, R? =

0.9139, n = 10), both before and after macrophyte removal.
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Macrophyte removal did not lead to a notable increase in minimum diel dissolved oxygen
during the night, which was in the unmowed segments 2.05+0.45 mg I and 2.48+0.08 mg I
before and after removal, respectively, and in the mowed segments 2.03+0.47 mg I and
2.32+1.93 mg I'* before and after removal, respectively. When comparing Reeet, macrophyte

removal caused a slight and insignificant decrease of 6% in respiration activity normalised

96



for residence time per reach (Equation 3-6). When Rcoett Was normalised for reach length,

respiration per meter decreased by approximately 25% in the mowed segments.
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Respiration in each segment varied, although mowing effects were different for each segment

(Figure 3-7a). In the mowed section, Reoett decreased slightly after mowing by 5.7%.

However, in the unmowed section a substantially stronger decrease of 32% was observed in

Reoe. Therefore, corrected for the treatment effect according to the BA*ClI analysis (see

section 3.2. Methods), the observed change due to the treatment actually corresponded to a
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slight increase of 0.014+0.05 hr!, although this change was not significant (F(2,10); p =
0.80). When comparing Rceett Normalised for reach length (Figure 3-7b), we found that there
was a negligible difference of 0.002+0.02 m™ as Reoert Normalised for length, which was not
significant after correcting for treatment effects (F(2,10); p = 0.91). A decrease in Rcoeff Was
observed that was less strong in mowed segments. The difference in decrease was less
pronounced between mowed and unmowed segments, with 25% and 36%, respectively,
which was not significant (t(4) = 1.9918, p = 0.1172, n = 5). Both methods suggest more

microbially active segments after macrophyte mowing.

Table 3-2. Respiration coefficients per segment normalised for travel time and length.

Before After Change
Reoeff
ht 10°m? ht 10°%m? h 10°% m
1
Unmowed | 1 0.063 0.187 0.031 0.091 1 51% 1 51%
2 0.056 0.124 0.050 0.109 1 11% 1 12%

Mean | 0.060+0.003 | 0.156+0.03 | 0.041+0.01 | 0.10+0.01 | | 32% 1 36%

Mowed 3 0.172 0.202 0.116 0.127 1 33% 1 37%
4 0.106 0.203 0.097 0.172 1 8.6% 1 15%
5 0.023 0.041 0.070 0.065 1205% | 159%
6 0.042 0.117 0.041 0.064 12.1% 1 46%
7 0.041 0.101 0.0382 0.0716 16.1% 1 29%

Mean | 0.077+0.056 | 0.133+0.06 | 0.072+0.03 | 0.100+0.04 | | 5.6% 1 25%
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When comparing respiration as net raz turnover (Figure 3-7¢), a decrease was observed as a

result of mowing for all segments except segment 5 (Table 3-2). Respiration was 29% lower

in mowed segments and 33% lower in unmowed segments, although this difference was not

significant (t(4) = 1.9292, p = 0.16, n =5).

Higher respiration (Rcoerf) was generally observed at higher DO concentrations, although a

significant relation could not be found using simple linear regression (not shown). The

highest respiration activity was not found at the highest DO concentrations (segment 3), but

just downstream of a fish ladder and decreased after mowing. Due to missing DO data from

stations 4 and 7 this relation cannot be explored further.
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Figure 3-6. a) Difference in dissolved oxygen before and after macrophyte removal. b)
Dissolved oxygen decreased with increasing discharge, described by a simple linear

regression model. DO loggers of stations 4 and 7 did not record data and are therefore
missing.

To explore possible effects of chosen reach length on estimates of Reoetr, Several reach

segments were combined and Reoett Calculated for those combinations. The initial chosen

reach segment lengths (no combined segments) reflects the highest variation and captures

widest range of microbial metabolic activity across several segments. Higher order
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combinations increase the likelihood of masking potential hotspot activity that may take

place. The mean Reoeff remains the same for all groups and properly reflect total stream

respiration.
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3.4.

Removal of macrophytes led to a general decrease in advective time taq in the Erpe (Figure
3-4a), as was to be expected from the decrease in hydraulic resistance. The difference became

larger more downstream. When comparing the times of tw normalised by taqd (Figure 3-4b),

Discussion

detection time increased after mowing for segments 5 and 6, while segment 7 was again
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lower. The most likely explanation would be that for the most downstream station the peak
concentrations were lower due to normal advective processes. As a result, a relatively smaller
amount of the BTC was above the detection limit of the fluorometer and calculation of ty may

have been less robust.

The results indicate that noticeable changes in storage parameters could be observed resulting
from mowing, yet none of them were significant. There was a marginal increase in transient
storage for segments 5 and 6, but not for 7. While this increase was unexpected, as
macrophyte stands provided storage zones which were removed, improved transient storage
after macrophyte removal has previously been observed in a study in Flanders (\VVerschoren et
al., 2017). The authors of the Flanders study hypothesised that the increased transient storage
was caused by increased in-channel storage, based on observations of increased longitudinal

dispersion in vegetation-free reaches.

The resazurin method was able to pinpoint certain locations that were exhibiting hotspot
activity in terms of microbial metabolic activity (Figure 3-7a). The highest respiration
coefficients were measured in segments 3,4 and 5 (Figure 3-7a), which were all downstream
of and close to fish ladders. Increased aeration due to turbulence or increased hyporheic
exchange could have driven the higher respiration, similar to effects observed near large
woody debris features (Blaen et al., 2018). An explanation for the strong increase in

respiration after mowing in segment 5 could not be identified.

After mowing, respiration in general was lower in all segments, both in mowed and
unmowed. However, a 25% decrease in residence (travel) time through the mowed reach only
resulted in a decreased respiration coefficient of 6%. Reoert decreased as well in the unmowed

segments 1 and 2 after mowing, suggesting that the observed decrease in respiration could

101



not be attributed directly to the mowing practice. The observed decrease in respiration in the
unmowed segments was higher than in the mowed segments, suggesting that the reach
metabolic activity was now relatively higher in the mowed segments as a result of the
mowing activity. A possible explanation for the generally lower respiration after mowing
could be a higher background concentration of pollutants from the WWTP, which was
indicated by higher background conductivity (762+103 uS before and 819+62 uS after
removal) or a slightly lower water temperature (19.44+0.61°C before and 18.91+0.34°C after
removal), or a combination thereof. In other words, the studied section of the river Erpe as a
whole was less active after macrophyte removal, but this could have been caused by factors

beyond the scope of this experiment.

Surprisingly, Reoetf, Which is normalised for travel time (Equation 3-6), did not decrease
substantially nor significantly at all. Any observed effects were no worse than mild. A direct
relation between TSI and Reoett could not be found, although increased TSI may very well
have played an important role by facilitating the increased respiration. By removing
macrophytes, vertical water exchange may have improved (Heffernan et al., 2008), e.g. by
stronger hydrodynamically driven hyporheic exchange due to higher flow velocity over
bedforms (Boano et al., 2007), and thus forcing more water through the hyporheic zone.
Improved hyporheic exchange also provides an explanation for the observed increase in
skewness y of the BTCs. Where previous work found similar results for increased transient
storage after mowing and found the explanation in higher channel storage due to higher
dispersion (Verschoren et al., 2017), the results of this study support the hypothesis that
increased TSI was due to increased exchange with the streambed. Although speculative, we
find an explanation in the fact that respiration did not significantly decrease, especially

considering the fact that the control section was much less active. If indeed more water was
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exchanged with the streambed, this could explain this potentially buffering effect that was

observed.

Macrophyte mowing may also have reduced clogging effects and improved potential for
hyporheic exchange and microbial respiration (Nogaro et al., 2010) by slightly ploughing the
top of the streambed. Absence of macrophytes also improves water mixing, facilitated by
lower water depth and higher flow velocities that can improve hyporheic exchange (Gomez-

Velez et al., 2014; Fox et al., 2016), assuming a heterogeneous streambed structure.

Based on the presented results, the hypothesis is that macrophytes on the riverbed provide
transient storage, but at shorter timescales than storage by hyporheic exchange. Macrophytes
interfere with hyporheic exchange by reducing flow velocity, in particular close to the
streambed. By mowing, the actual hyporheic exchange is improved and opens up a higher
potential for nutrient attenuation inside the sediments colonised with microbial communities.
Macrophyte stands are not always related to nutrient cycling (O’Brien et al., 2014). By using
mowing baskets, roots remain in the streambed and can serve as biofilm substrates. Nutrients
such as ammonium and phosphates can be fixed by macrophytes (Castaldelli et al., 2015;
Levi et al., 2015; Garcia et al., 2017) and then physically removed by mowing, which

potentially leads to a net decrease of excess nutrients from stream water.

The dataset collected in this study was limited in size due to the cost of the tracer injections
of raz in particular and the time available to perform the experiments as to not disturb other
projects that were taking place in the river at the time. This may have led to a smaller dataset
that would have been preferred with respect to the robustness of statistical analysis. Although
other data analysis, such as PERMANOVA, was considered but dismissed as it is not always

robust for unbalanced designs (Anderson et al., 2013). Therefore, ANOVA was preferred
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following the BA*CI procedure suggested by Schwarz (2018). Furthermore, in the case of a
univariate analysis, a permutational test such as the PERMANOVA will give similar
information as a univariate ANOVA (Anderson, 2001). Therefore, ANOVA was chosen as
the test using type Il sums of squares to correctly deal with the unbalanced data set from this
study. Future studies could take into account a more balanced distribution of measurements
between control and impact sites, which in this study was complicated due to the presence of
other experiments in the reach that could not be disturbed. By combining mowing practices
as a management practice with other measures to increase hyporheic exchange, such as
improving sinuosity of a stream and adding large woody debris features or alternating
mowing patterns (Vereecken et al., 2006; Verschoren et al., 2017), microbial respiration and
pollutant attenuation could be further optimised. This could potentially be the best strategy to
improve attenuation and maintain a sufficient storage capacity to safely deal with peak flows.
While annual mowing of reaches may disturb the habitat in ways beyond the scope of this
study, streambed environments appear to remain supportive for microbial metabolic activity
in that is associated with the upper sediment layer (Hedin, 1990; O’Brien et al., 2014; Alnoee

et al., 2016).

3.5. Conclusions

Macrophyte removal is a common management practise in urban streams to maintain good
flow. This study measured impacts of such an application. Macrophytes were removed by
mowing in an urban stream receiving a majority of its flow from wastewater treatment plant
effluents. Contrary to what was expected, removal of macrophyte vegetation did not lead to
significant reductions of transient storage. While increases in flow velocity were observed as
expected, transient storage increased slightly. Although a generally lower respiration was

observed, this relative decrease was much smaller than expected and mowed segments were
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relatively less affected by mowing than unmowed segments. Contrasting previous research,
we hypothesise that the increase in transient storage was attributed to improved hyporheic
exchange due to a lack of vegetation. Consequently, stream water was exchanged with
another storage compartment of higher quality where relatively larger or more active
microbial communities are located. Although this conclusion is somewhat speculative, it
provides a plausible explanation for both the increased transient storage and largely
unchanged, and even slightly increased, respiration as a result of the macrophyte removal that
were observed in this study. Macrophyte removal did not lead to significant losses of stream
microbial activity and may therefore not significantly alter a streams’ potential for nutrient
and pollutant attenuation. Further research is suggested to confirm the potential impact of the
increases in transient storage on nutrient cycling. The results of this study may be used to

further improve management strategies, such as alternating mowing schedules.
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Chapter 4.  Groundwater flooding induced fertilisation
and enhanced microbial metabolic activity
of a dual-porosity aquifer system

Paul Romeijn, Anne Robertson, Julia Reiss, David M. Hannah, Stefan Krause

Abstract

Chalk aquifers in southern UK are important water resources used for drinking water
production. Recharge with water from the surface to the aquifer mainly happens along
fractures in the rock, causing sensitivity to rainfall events. In the case of prolonged rainfall,
groundwater tables can rise high enough to cause flooding. The effects of groundwater
flooding during the winter of 2013/2014 were investigated for possible effects of fertilisation
on microbial communities that exist in groundwater. Microbial metabolic activity (MMA)
was found to be higher at locations that were more directly affected by higher groundwater
depth. Where water in boreholes was closer to the surface, MMA was found to be higher.
Dissolved organic carbon was identified as the most important cause of increased MMA.
Although nitrate concentrations were measured and higher during flooded situations, no
relation between MMA and nitrate could be found. The results of this study can help
understand how flooding events and increased water inputs can cause periods of reduced

water quality inside aquifers.

4.1. Introduction

Groundwater aquifers are major water resources globally, used for drinking water and

irrigation. Due to this use, the status of the quantity and quality of the water inside the
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groundwater (GW) aquifers is important. In addition to the human consumption, the aquifers

are also important for the GW habitat.

GW recharge is being investigated because of its importance for sustaining water supply.
While aquifer recharge studies have focused on periods of drought (e.g. Darling et al., 2012),
less have focused on flooding events. However, with observed increase in winter
precipitation and in the frequency of extreme events (Osborn et al., 2000; Herrera-Pantoja &
Hiscock, 2008), consequences of climate change on groundwater have not received as much
attention (IPCC, 2014). Flooding events can be expected to include variations in groundwater
level fluctuation, alteration of groundwater flow regimes (Scibek & Allen, 2006) and changes
in the volume and quality of groundwater resources (Sherif & Singh, 1999; Brouyeére et al.,

2004; Bloomfield et al., 2006; Ranjan et al., 2006a, 2006b).

The predicted climate change impact on GW recharge varies based on land use, vegetation
types and soil thickness (Jackson et al., 2011). Increased precipitation may increase the risk
of groundwater flooding, where the groundwater table reaches above the soil surface and
causes inundation (Robins & Finch, 2012). Effects of flood risks are mainly focused on water
quantity (Macdonald et al., 2012), despite observed biological responses to water quality in
similar systems (Valett et al., 2005; Hemme et al., 2010). Although reports of extreme cases
of groundwater flooding are rare, these occurrences had significant economic and social costs
(Kreibich & Thieken, 2008; Macdonald et al., 2008; Hughes et al., 2011; Gotkowitz et al.,
2014; First et al., 2015). In recent years there has been progress in the field of GW flooding
risk management (Cobby et al., 2009; Naughton et al., 2017). GW flood events can have
implications for drinking water supply companies too. Flood events can create influxes of
high-turbidity water into an aquifer, disrupting water supply to meet quality standards and

costing the companies millions (Rivett et al., 2007).
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In general, the chemical signature of aquifer water is characterised by the land use above or
near it (Banks et al., 1995; Kim & Park, 2016). Consequently, microbial communities in
aquifers have been observed to reflect land use (Kim et al., 2015) or heavy metal pollution
(Hemme et al., 2010). While chemical response to flood pulses have been observed, the
impacts of these fluxes on the microbial communities and their responses have rarely been
studied, despite possible impacts on water turbidity and quality and the risk of contamination

by microbes (Kistemann et al., 2002).

During the aftermath of a period with a high number of GW floods in the UK, GW tables
were substantially raised for up to several months (Muchan et al., 2015). The aim of this
study was to study the effects of a groundwater flood event on the fertilisation of the
microbial communities in aquifers. It is hypothesised that pulses of nutrient inputs from the
surface associated with groundwater flood events can cause increased microbial metabolic

activity in groundwater aquifer, which may have implications for drinking water supply.

4.2. Methods

4.2.1. Groundwater boreholes and time series

For the analyses of groundwater flood dynamics and impacts, eight groundwater boreholes
were analysed in Southwestern UK (Figure 4-1; Table 4-1). The boreholes were sampled
from May 2014 to October 2014, as GW response to extreme water weather events are slow
to respond, similar to drought events (Darling et al., 2012). Groundwater microbial metabolic
activity was measured by laboratory incubation. Borehole locations were located in Dorset
and Berkshire, sampling water from Chalk aquifers. The groundwater aquifers are
characterised as dual-porosity, where larger fracture systems in the rock have different
hydraulic conductivity than the larger surrounding matrix, making them prone to flooding

during high inputs of water from the surface (Pinault et al., 2005). Land use in all borehole
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surroundings is similar, predominantly agricultural land and pasture. Berkshire boreholes

were on average deeper than Dorset boreholes (Table 4-1).

Sampling started three months after the highest water level of the January 2014 floods, thus

the retreat towards baseline levels was observed. However, chemistry signatures were still

present. Timeseries of GWD were obtained from the British Geological Survey for the past

10 years (Figure 4-1). One borehole in the catchment, Windmill Burrows (WM), collapsed

early June 2014 and was substituted by the nearby Marley Bottom (MB). No time series are

shown for WM.
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October 2013 and October 2014 (C), and long-term (1973-2015) groundwater depths at Brill
Lane (BL) groundwater borehole (D).
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4.2.2. Laboratory analyses

Boreholes were purged prior to the sampling using a sampling bailer lowered into the
boreholes. Groundwater samples were filtered in the field through 0.45 pm Whatman
polyamide filters and cooled for transport before being analysed at the University of
Birmingham water quality laboratory. Analysis for nitrate concentrations was conducted on a
Skalar San™* Continuous Injection Analyser (Skalar Analytical, Breda, NL) and dissolved
organic carbon was analysed on a Shimadzu Catalyst Aided Combustion Analyser

(Shimadzu, Kyoto, JP). All measured samples were within calibrated range.

Table 4-1. Details of groundwater boreholes.

Region Name Depth | Notes
(m)
Berkshire | Bottom Barn (BB) 114.4

Calvesley Farm (CF) 119.8

Briff Lane (BL) 95

Greendown Farm (GF) | 197

Dorset Newfields Farm (NF) 65.6

Winterbourne Heights | 116.3
(WB)

Millborne Lane (ML) 86.8

Marley Bottom (MB) 56.8 Sampling started
June 2014

Windmill Burrow Sampling
stopped due to
borehole collapse
June 2014. Close
to MB.
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4.2.3. Microbial metabolic activity

Microbial metabolic activity (MMA) in groundwater samples was quantified by the resazurin
/ resorufin smart tracer system (Haggerty et al., 2009; Gonzéalez-Pinzén et al., 2012; Kurz et
al., 2017). Resazurin (raz), a weakly-fluorescent substance transforms under mildly reducing
conditions irreversibly to the highly-fluorescent resorufin (rru). It has been established as
indicator of microbial metabolic activity with raz to rru conversion rates being correlated to
aerobic respiration (McNicholl et al., 2007; Haggerty et al., 2008). Raz to rru transformation
rates have been shown to be proportional to changes in oxygen, which is a common
measurement of respiration rates (Gonzalez-Pinzon et al., 2012). Accordingly, the rate of raz
to rru transformation represents an indicator of whole-stream metabolic functioning
(Gonzalez-Pinzén et al., 2014) and as such has potential to improve our understanding of the

relationships between stream solute transport and biogeochemical dynamics.

For the analysis of groundwater MMA, a set of samples was collected between 28 May 2014
and 30 May 2014. Samples were cooled and transferred to the University of Birmingham
without filtering to preserve the microbial community that could be present. One of the
samples for MMA analysis was Windmill Burrow (WB), which was still available in May
2014. Location Marley Bottom (MB) was not incubated as sampling had not started here. For
incubations, 250 ml of sampled groundwater was incubated in 2000 ml microcosms with a
concentration of 100 ug/l raz for 24 hrs. Each sample was incubated in duplicate. Two
microcosms were prepared with only deionised water to act as control treatments. Incubations

started on 9 June 2014.

The ratio of raz to rru conversion was quantified at t=0, 2, 4, 6, 8 and 24 hours of incubation.
Therefore, fluorescence of raz and rru was measured for filtered samples using Albilla

GGUN-FL 30 (Albillia, Neuchatel, CH) bench top fluorometers (Lemke et al., 2013; Baranov

116



et al., 2016). Samples were discarded after measurement. Microcosms were incubated in a
generic type incubation fridge, shielded from light, at 12.02+0.12°C. Temperature was
monitored using a Tinytag Aquatic 2 temperature logger (Gemini Data Loggers Ltd,

Chichester, United Kingdom). The raz-to-rru conversion rate was calculated as:

U C)

respiration; = ln(
raz

Equation 4-1

with C =1, which is a constant value for amount of tracer recovered. Respiration at time t
was calculated for each time step, through which a simple linear regression line was fitted.
The slope of this line was then compared between all samples, where a higher value

correlates with higher microbial metabolic activity.

4.2.4. Statistical analysis

Results are shown with standard deviation, unless specified otherwise. Bivariate analysis was
performed using simple linear regression. Median values are sometimes shown together with

mean values to illustrate skewness of a population.
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4.3. Results

4.3.1. Hydro-meteorological conditions
X N ' P P @ SN RN RN N
© ,LQ'\- \,LQ'\«

AP "P A S g P '19 S
\0'»\ \’&'\'\ 06\00)\ \01\ \0“‘\ \()7’\ \'\3'\ \‘\9\ \09’\ \QQ’\ \()b‘\ \0'\’\ rL,L\‘\,'\’\ \09\ \Q'\

o n-.,. T l'r*'
LJ

Groundwater depth (m)

IEI il

Figure 4-2. 10-year (2004-2014) groundwater depth time series of investigated Chalk
boreholes. Marked box is the GW flood event of which the end was studied. Groundwater
depth is water level below ground surface.

Long-term time series were constructed of groundwater depth (GWD) below surface (Figure
4-2) for a period of 10 years. These series display several GW flooding events that have taken
place over the past 10 years. In general, boreholes closer to the surface show higher response
to external water peaks. In the case of NF and WB, response from baseline to peak water
level was around 1 month, whereas it took between 8 and 9 months for the GW to drop back

to baseline depth.
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4.3.2. Groundwater level time-series
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Figure 4-3. Minimum groundwater depth during 2014 flood (top), Relative (%) increase in
flood groundwater levels (centre), and relationship between minimum and 10-year average
groundwater depths for analysed boreholes (bottom). M.a.s.l. stands for meters above surface

level.

Flood levels of GW were compared with the 10-year average flood level (Figure 4-3). Clearly

the boreholes located in Dorset responded stronger to water inputs. For NF and WB, the flood

level was reached and water rose to surface level (Figure 4-3a), where others remained below

surface level. Water levels rose substantially more in Dorset boreholes: between 21% - 89%

higher flood levels were measured, compared to 3% - 18% increases, for Dorset and

Berkshire, respectively (Figure 4-3b). The measured flood levels were found to be

119



significantly correlated to the 10-year mean GW depth (F(1, 6) = 71.09, p < 0.001, R? =

0.9222, n = 8). In other words: areas with on average higher water levels see higher flood

levels.
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Figure 4-4. Groundwater depths and dissolved organic carbon (DOC) concentrations after the
2014 groundwater flooding for all analysed boreholes (Berkshire left; Dorset right), inlet
figures indicating relationship between groundwater depth and DOC.

4.3.3. Groundwater quality time series

Water quality was monitored for all boreholes for DOC and nitrate (NO3). In general, there
was a falling trend in nutrient concentration with falling water table. DOC decreased for all
locations after the flood and changes in concentration were similar for all but CF (Figure
4-4). A substantially higher DOC concentration was measured at CF, which dropped
relatively rapidly back to its baseline value. There were no significant differences in
concentration between sites with flooded situations (NF and WB) and those where the GWD
was still under the surface. Highest DOC was measured in May 2014 in the Dorset borehole
of CF with 21.67+3.22 mg/1, which dropped to below 4 mg/l in one month’s time. The second
highest DOC concentration was measured in BL, also Dorset, with 6.48+0.02 mg/l. Mean
DOC concentration in Berkshire boreholes was 3.30+4.49 mg/l and median concentration
was 1.77 mg/l. For Dorset boreholes, mean DOC concentration was 2.14+1.47 mg/l and a

median of 1.49 mg/l.

For most boreholes there was a decrease in nitrate concentrations with falling GWD (Figure
4-5), suggesting concentrations were falling back to a baseline value after the floods. This
observed pattern means that highest nitrate concentrations were measured at times when
water was closest to or at the soil surface. Highest nitrate concentrations were measured in
Berkshire borehole of GF with 94.23+10.09 mg/l, which remained high for several months.
Highest nitrate concentration in Dorset was 43.06+2.18 mg/l. In general, mean nitrate
concentrations in Berkshire boreholes were 32.95+33.17 mg/l and median concentration was
21.29 mg/l. For Dorset boreholes, mean nitrate concentration was 13.26+£10.89 mg/l and a

median of 13.05 mg/I.
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Figure 4-5. Groundwater depths and nitrate (NOs) concentrations after the 2014 groundwater
flooding for all analysed boreholes (Berkshire left, Dorset right), inset figures indicating
relationship between groundwater depth and NOs.
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Figure 4-6. Microbial metabolic activity (as slope the of In(Rru/Raz +1) per day, Equation
4-1) for all analysed boreholes (Table 4-1). Incubation was also possible for location WM.
For location Marley Bottom (MB), incubation was not possible due to sampling schedule.

4.3.4. Groundwater microbial metabolic activity

Transformation of raz to rru was used to quantify microbial metabolic activity (MMA). A
substantial amount of turnover was measured in several locations compared to control
treatments (Figure 4-6). Highest MMA was measured in 0.082+0.004 day in the water
collected from Berkshire borehole CF. This was 52% higher than the second highest, with
0.054+0.021 day* in Dorset borehole WM. In half of the samples there was a substantial
amount of microbial activity present. In samples WB and GF there was almost no observed
difference compared to the control treatment. Sample sizes were n=2 and no reliable
statistical testing was possible. In the control treatments there was limited transformation of

raz to rru (0.0183+0.0004 day™?).

Higher MMA was found in samples that contained a higher DOC concentration (Figure 4-7).

The relation between DOC and MMA was found to be significant by simple linear regression
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(F(1, 6) = 11.42, p = 0.0149, R? = 0.6556, n = 8). Although a wide variety in nitrate

concentrations was present, there was no correlation found between the two (R? = 0.00).
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Figure 4-7. Relationship between DOC and microbial metabolic activity (top) and between
nitrate and microbial metabolic activity (bottom) for all analysed boreholes.

4.4. Discussion

4.4.1. Spatio-temporal dynamics of groundwater levels

The groundwater flooding events in 2014 caused water levels in all boreholes to increase
(Figure 4-2). The observed flood intensity was similar to previous flooding events. Sudden
inputs of water from the surface during high-rainfall periods can move through fractures in
dual-porosity aquifers. The stronger rise in GWD in Dorset boreholes could be related to

local or regional differences in Chalk lithology (Macdonald & Allen, 2001) and complex
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local exchange patterns between surface water and the Chalk aquifer (Allen et al., 2010). Due
to lower permeability superficial deposits in the Berkshire area, rainfall response times in the

GW are known to be lower (Ascott et al., 2017).

During the flood period there was a substantial increase in nutrients in the boreholes,
suggesting that the influx reached the aquifer. Although there was no sampling during the
rising part of the floods, the assumption can be made that the elevated observed
concentrations were the result of flood water inputs (Figure 4-4, Figure 4-5). This rainwater
quickly recharged the aquifer and therefore likely flowed along pathways that were connected
by fractures (Macdonald & Allen, 2001). These pathways can be very responsive and cause
nitrate and pesticides to be washed into the aquifer below (Haria et al., 2003; Sorensen et al.,
2015). Along these pathways it is thought that most bacterial reduction of nitrate takes place
(Bottrell et al., 2000), although it may be difficult to reach conditions anaerobic enough to
facilitate large-scale denitrification due to the relatively fast flow and oxygen transport

(Rivett et al., 2007).

In addition to contaminants, also DOC is known to be transported down with water in
sandstone catchments (Lapworth et al., 2008). However, rapid vertical transport does not
fully explain the two observations of high DOC concentrations in borehole CF (Figure 4-4c).
After the second observation near 20 mg/l DOC, the concentration dropped to around 5 mg/I
and below, while nitrate remained more constant the whole time. Although evidence remains

inconclusive, contamination of the borehole may have been possible.

4.4.2. Controls of groundwater microbial metabolic activity

While breakdown of excess nitrate is limited by organic carbon (Starr & Gillham, 1993), it

may also act as a driver of MMA. DOC inputs are more short-lived and consumed quickly by
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microbes compared to other pollutants that can accumulate in the Chalk aquifers over time
(Manamsa et al., 2016). Considering the dual-porosity nature of Chalk, DOC inputs by flood
pulses can be expected to follow these same flow paths. Any MMA is expected along these
flow paths, facilitating fertilisation of microbial communities, simply because microbes do
not fit in the narrow (<1pm) matrix pores of the chalk (Bottrell et al., 2000; Morris & Foster,
2000). Although data in this study did not cover the entire flood event, the results suggest that
DOC inputs could be important for MMA (Figure 4-7a). DOC sensitivity of MMA was also
observed in sandstone aquifers (Lapworth et al., 2008) and more recently in alpine karst

regions (Frank et al., 2018).

MMA was generally highest in boreholes with water levels closer to the surface (Figure 4-2;
Figure 4-6), suggesting that MMA was higher in locations that were experiencing an
increased water level compared to their baseline level. MMA was lower in boreholes where
the water level had increased less and lowest MMA was measured in water from boreholes
where short-term water level changes were closest to zero (Figure 4-2). Higher MMA at
higher water levels is explained by generally higher DOC at higher water levels. As the water
levels are closer to the surface, flow paths of infiltrating water from the surface are shorter,
possibly providing microorganisms with more and ‘fresher’ (more labile) DOC. This suggests
that MMA was sensitive to flooding, similar to observations during flooding of riverbank

infiltration points (Ascott et al., 2016).

Although the results of this study suggest that DOC was an important driver of MMA (Figure
4-7), DOC quality measurements are needed to further explore this relation (Lapworth et al.,

2008), as not all DOC could have been bioavailable (Rivett et al., 2007). Similarly, dissolved
oxygen measurements can give insight whether zones were oxic or anoxic. In areas with river

bank filtration for groundwater production it can take up to four weeks for dissolved oxygen
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levels to drop from 4 to 2 mg/l after flood events (Ascott et al., 2016), suggesting long lasting
effects that may benefit MMA. Nitrate was not found to be an important variable for MMA.
Dynamics of nitrate may only become clear when movement of the same body of water is
studied over time while it moves down a certain flow path, for example from a confined to an
unconfined zone (Moncaster et al., 2000). The results show no significant differences
between Berkshire and Dorset boreholes, although the response of MMA to DOC input does
point towards the conclusion that higher pulses of nutrients due to flooding can fertilise

MMA in a groundwater aquifer.

45. Conclusion

The effect of groundwater flooding events was studied in a Chalk aquifer in southern United
Kingdom. These flooding events are known to negatively influence quality of the aquifer
used for drinking water supply. The results of this study provide a lead to the source of the
problem. Inputs of dissolved organic carbon (DOC) were found to influence microbial
metabolic activity (MMA). Areas with groundwater depths more sensitive to flooding were
found to have higher DOC, where also higher MMA was observed. Rapid transport of water
down into the aquifer along fractures in the Chalk can cause a fertilisation effect from soil

surface on MMA that could contribute to decreased quality of drinking water resources.

Further studies could focus on time series of MMA and DOC quality for spatio-temporal
analysis, whereas this study focused more on spatial variation of MMA.. Time series of MMA
during a flood event may help to fully capture the sensitivity of a microbial community to
flood inputs due to rainfall and DOC quality may be necessary to elucidate DOC sensitivity

at lower DOC concentrations.
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Conclusions

The work performed in this thesis aimed at contributing to closing specific knowledge gaps
on microbial metabolic activity (MMA) at groundwater-surface water (GW-SW) interfaces.
Novel tracer methods were successfully applied to study MMA across several contrasting but

connected GW-SW interfaces.

In the first chapter the importance of the GW-SW interface at the streambed surface level was
demonstrated. By means of an incubation experiment, it was shown that streambed sediments
in agricultural streams produce substantial amounts of the greenhouse gases carbon dioxide
and methane and that production varied between sediments of a Chalk background and a
Sandstone background. Production of these greenhouse gases (GHG) was driven by organic
matter (OM) contents. Like GHG production, MMA was also observed to respond to OM
contents. However, not only quantity, but also quality of OM played an important role. OM
properties in streambed environments typically reflect the geological background of a certain
reach. Quality of OM was measured by aromaticity and also found to drive MMA and
associated GHG production. The quantities of CO2 production were compared with previous
studies and the amount of CO- produced by MMA inside the streambed sediments of the top
layer can explain up to 35% of previously measured excess CO; fluxes. Methane production
varied even stronger with OM quality. The results of this chapter suggest that microbial
communities exhibit strong spatial patterns that vary with the geologic background of the
substrate. It is not only the amount of OM that controls microbial metabolic OM
mineralisation, OM quality needs to be considered too. This is especially important in areas

with strong anthropogenic disturbances.
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After the first chapter demonstrated the potential of GHG production and MMA at the
streambed surface, Chapter 2 continues to explore spatial variability of MMA and nutrient
cycling. This study used a novel in situ push-pull injection experiment to measure MMA by
vertical spatial variability in a heterogeneous streambed environment. The lowland River
Tern experienced net groundwater upwelling from the Sandstone substrate and a strong
nutrient loading from the surrounding agriculture in the present and the past. Detailed
imaging of the streambed sediment structure allowed precise planning of measurement of
residence times, MMA and nutrient concentrations around structures of low hydraulic
conductivity (Kn). Residence time was controlled by Kn. While dissolved organic carbon
(DOC) was not found to be limiting as opposed to the observed OM controls in Chapter 1,
residence time was identified as an important control on dissolved oxygen, MMA and
nutrient concentrations. Streambed structures with high OM contents were found to be a
source of ammonium to the top of the streambed and possibly into the stream. Streambed
heterogeneity, and thus residence time, can be very local. Sampling locations should be
selected with care to properly cover the entire range of spatial variety, including possible

hotspots that may be present.

In Chapter 3 the scale was increased from plot to the reach. The focus shifted from local
streambed heterogeneities and hydraulic features towards larger scale impacts. Concurrent
slug injections of reactive and conservative tracer injections were performed in an urban
stream receiving wastewater treatment effluents, before and after removal of macrophytes by
mowing. The hypothesis before commencing the experiment was that mowing would lead to
shorter residence times and thus reduced MMA.. Although flow velocity increased, transient
storage was not found to be shorter and had even slightly increased after mowing. It was
concluded that one transient storage zone replaces another: storage between macrophytes was
removed, but this facilitated improved hyporheic exchange. The results suggest that storage
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in the hyporheic zone was of a higher quality for MMA, since the decrease in MMA due to
mowing was much lower than expected, and even remained unchanged. This supports
findings from Chapter 2, where residence time controls were found to be important for
nutrient cycling and pollutant attenuation in the hyporheic zone as well. The results have
implications for application of management principles and help understand the consequences

of potentially disturbing mowing practices.

In Chapter 1 it was shown how OM acts as a driver of MMA inside the streambed sediments
and Chapter 2 demonstrated the importance of residence time as a driver of MMA, which was
supported by findings in Chapter 3. Chapter 4 enters the last area of GW-SW interactions that
was not fully explored yet in this thesis, namely groundwater itself. In the last chapter it was
demonstrated that MMA in groundwater was sensitive to fertilisation by carbon that can be
introduced during groundwater flood events. In dual-porosity Chalk aquifers in the south of
the UK, groundwater flows preferentially along fractures. In these fractures a matrix is
present that hosts microbial communities, an ecotone that shares similarities with the
heterogeneous streambed environment from Chapter 2: preferential flow around and between
areas low hydraulic conductivity. MMA in these fractures was positively correlated to DOC
concentrations, suggesting sensitivity to fertilisation. Improved knowledge may help to
predict decreases in groundwater quality and to help drinking water supply companies to

anticipate when to take measures.

The work in this thesis sheds new light on MMA in different parts of the groundwater-surface
water interfaces across several scales. The main drivers of MMA were identified in this thesis
as carbon (as organic matter and depending on the quality or DOC) and residence time.

Effects of carbon were observed not only at the GW-SW interface in the top of the streambed

(Chapter 1), but also in the groundwater compartment (Chapter 4). Residence time was found
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to be important in heterogeneous streambed subsurface and, on the reach scale, in stream
water (Chapter 3). Recent technological advances in ‘smart’ tracers (resazurin) combined
with high-resolution fluorometric detection have enabled analysis of MMA in novel ways at
the groundwater-surface water interface. The resazurin method results suggest MMA was
important for carbon turnover. Since the method is a measure for aerobic respiration, turnover
of nitrate and ammonium may not be directly related to resazurin turnover. However, the
results do suggest residence time controls are important for most biogeochemical processes

from the plot scale to the reach scale.

Future directions

The findings presented here illustrate the importance of the availability of carbon (as organic
matter or DOC), as well as its quality, is an important control on potential greenhouse gas
emissions. Considering the location of the studied areas, it is essential to learn about the
potential impacts of human-induced land use change in lowland streams. High-frequency
fluorescence resazurin measurements are promising technologies that can provide a rapid and
effective method to compare MMA between several reaches. This is a useful tool when there
are questions about the impact of certain treatments (such as described in Chapter 3) on the

reach level on microbial activity, but also to compare seasonal changes or land use changes.

Measurements of MMA inside the streambed using injections of resazurin have proven
useful, albeit difficult. Although the design of mini-piezometers used in Chapter 2 was
similar to some previous experiments, some challenging technical difficulties remain.
Measurements are subject to dilution by flow, while the flow direction cannot be determined.
A multi-point approach could be applied to determine (1) flow direction in the subsurface, (2)

flow velocity and (3) MMA and (4) advanced insights into nutrient cycling. Dissolved GHG
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analysis would be less feasible in combination with this type of experiment due to small

porewater sample sizes of approximately 15 ml required for fluorometric analysis.

On the reach scale there is great potential to combine several methods used in this thesis.
After reviewing the results from Chapter 3, an open question remains about potential
increases of MMA and GHG production inside the streambed. An interesting approach would
be to use mini-piezometers at certain locations and perform high-frequency resazurin
concentrations combined with in situ carbon dioxide and methane concentrations. This could
verify assumptions about increased streambed MMA and provide a strong basis for new

urban stream management strategies, including improvements on pollutant attenuation.

The connection between groundwater and surface water, such as was demonstrated in
Chapter 4, should be explored in further detail. Various, if not most, climate change scenarios
generally agree on increases in extreme rainfall and a shift towards stronger separation
between dry and wet periods in the United Kingdom in the near future. Combined with higher
amounts of rainfall, dual-porosity aquifers in Chalk areas of the UK and elsewhere could be
at risk of uncontained contaminations by sharp turbidity increases. Reliable predictions of the

scale of such contaminations may help anticipate these events and secure reliable water

supply.
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Appendix A.

Full results statistical analysis

Supporting information Chapter 1

Table A-1. Results from comparing hourly microbial metabolic activity between the different
sediment groups. Values are P-values from the corresponding tests. Whole groups are also
compared, indicated with ‘all’. For groups CH, CM, CL, SH, SM, SL and Control, n=12 and,
depending on group normality, T-test or Mann-Whitney U test was used. For Chalk (all) and
Sandst. (all), n=36 and, depending on group normality, T-test or Kruskall-Wallis test was

used. T or U values are in brackets.

CM CL SH SM SL Control Sandst. (all)
CH 0.002 7.63E-05 0.078 0.0002 3.60E-05 1.03E-05
(U=123) (U=141) (U=103) (U=136) (U=144) (U=144)
CM 0.099 0.22 0.11 0.013 1.03E-05
(T=1.761) (U=50) (T=1.688) (T=2.851) (U=144)
CL 0.01 0.73 0.06 0.000125
(U=27) (T=0.358) | (T=1.963) (U=132)
SH 0.012 0.0009 1.03E-05
(U=116) (U=130) (U=126)
SM 0.46 0.005874
(T=0.756) (U=144)
SL 0.0004
(U=114)
Chalk 8.73E-07 0.012
(all) (r?=24.189) | (¥?=6.316)
Sandst. 3.96E-05
(all) (r?=16.888)




Table A-2. Results from comparing hourly CO2 between the different sediment groups.
Values are P-values from the corresponding tests. Whole groups are also compared, indicated
with ‘all’. For groups CH, CM, CL, SH, SM, SL and Control, n=12 and, depending on group
normality, T-test or Mann-Whitney U test was used. For Chalk (all) and Sandst. (all), n=36
and, depending on group normality, T-test or Kruskall-Wallis test was used. T or U values are

in brackets.
CM CL SH SM SL Control Sandst. (all)
CH 6.7E-06 2.3E-07 0.009 2.1E-06 1.4E-06 7.4E-07
(T=6.391) (T=10.749) (T=2.881) (T=8.274) (T=9.031) (U=0.000)
CM 2.7TE-05 0.0006 0.053 0.006 0.0002
(T=6.352) (T=4.063) (T=2.091) (T=3.295) (U=0.000)
CL 4.5E-07 2.5E-07 1.6E-07 0.017
(T=9.762) (T=7.877) (T=7.524) (U=0.000)
SH 1.9E-05 7.4E-06 7.4E-07
(T=6.410) (T=7.440) (U=0.000)
SM 0.054 7.4E-07
(T=2.055) (U=0.000)
SL 7.4E-07
(U=0.000)
Chalk 3.8E-05 0.86
(all) (r?=16.967) (r?=0.032)
Sandst. 2.7TE-07
(all) (r?=26.449)

Table A-3. Results from comparing hourly methane production between the different

sediment groups. Values are P-values from the corresponding tests. Whole groups are also
compared, indicated with ‘all’. For groups CH, CM, CL, SH, SM, SL and Control, n=12 and,
depending on group normality, T-test or Mann-Whitney U test was used. For Chalk (all) and
Sandst. (all), n=36 and, depending on group normality, T-test or Kruskall-Wallis test was

used. T or U values are in brackets.

CM CL SH SM SL Control Sandst. (all)
CH 7.4E-07 5.9E-06 1.8E-05 3.6E-05 5.8E-06 5.8E-06
(U=144) (T=8.091) (T=6.921) (U=144) (T=8.099) (T=8.102)
CM 0.0001 0.003 0.0005 0.0006 0.0001
(U=133) (U=22) (U=133) (U=132) (U=134)
CL 0.0001 0.285 0.207 0.113
(T=5.859) (U=91) (T=1.310) (T=1.656)
SH 3.6E-05 0.0001 9.9E-05
(U=144) (T=5.904) (T=5.919)
SM 0.773 0.885
(U=77.5) (U=75)
SL 0.573
(T=0.573)
Chalk 9.4E-05 0.004
(all) (r?=15.247) | (¥?=8.119)
Sandst. 0.051
(all) (¥?=3.812)




Appendix B.

Table B-1. Multilevel piezometer properties.

Supporting information Chapter 2

Name

Description

Sampling depths (cm)

MP-1 peat/clay

MP-2 peat/clay

50 cm from bank, crossing a
peat layer between 50 and 70
cm. (GPR location 80)

10, 20, 40, 60, 80, 115

10, 20, 40, 60, 80, 115

6 depths.
MP-3 peat/clay 10, 20, 40, 60, 80, 115
MP-4 sand Near GPR 88 10, 20, 40, 70, 115
5 depths.
MP-5 sand 10, 20, 40, 70, 115
MP-6 sand 10, 20, 40, 70, 115
MP-7 sand Streambed, GPR location 110, | 10, 20, 40, 70, 115
sandy throughout with some
i gravel.
MP-8 sand 5 depths. 10, 20, 40, 70, 115
MP-9 sand 10, 20, 40, 70, 115
MP-10 sand Streambed, GPR location 120, | 10, 20, 40, 70, 115
sandy throughout with some
i gravel.
MP-11 sand 5 depths. 10, 20, 40, 70, 115
MP-12 sand 10, 20, 40, 70, 115

MP-13 peat/clay

MP-14 peat/clay

MP-15 peat/clay

after the bend, approx 155
GPR.
4 depths.

10, 20, 50, 115

10, 20, 50, 115

10, 20, 50, 115

MP-16 peat/clay

MP-17 peat/clay

MP-18 peat/clay

after the bend, approx 160 GPR
to 170
5 depths.

10, 20, 30, 70, 115

10, 20, 30, 70, 115

10, 20, 30, 70, 115




VHG per piezometer (-)

Depth (Flow—)
(m)
Stream 4 6 7 12 10 14 16 17 18

70 75 80 85 90 95 100 105 110 115 120 125 130 135 140 145 150 155 160 165 170 175
Reach length (m)

Figure B-1. Vertical hydraulic gradients during each experiment. During all experiments the
VHG was positive, indicating net upwelling in the entire reach.



